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ABSTRACT 
Riparian forest buffers are often promoted to improve stream water quality and instream 
habitat in agricultural areas because the vegetation can filter runoff, reduce bank erosion, and 
restore channel morphology.  However, previous studies have found that protecting narrow strips 
of riparian areas, typically 30-50 meters wide along streams, may be insufficient for restoring 
stream biological integrity in highly degraded watersheds.  I examined nine headwater streams 
that varied in the amount of riparian forest and watershed agriculture to determine the extent to 
which riparian forest buffers can mitigate the effects of cropland agricultural activities.  The nine 
sites were equally divided into three land use groups: 1) “Forested” streams with high percent 
riparian forest and low watershed agriculture, 2) “Buffered” streams with high percent riparian 
forest and high watershed agriculture, and 3) “Agricultural” streams with low percent riparian 
forest and high watershed agriculture.  Sampling was conducted seasonally over three years to 
explore temporal patterns in community structure and ecosystem function related to land use, 
instream habitat, and water quality parameters.  
While there were significant seasonal and annual differences, relationships among 
streams within different land use groups remained relatively consistent throughout the study.  
Streams with low percent forest buffer had significantly higher daily maximum temperature, 
nitrate-nitrogen levels, and primary productivity than the two high forest buffer land use groups. 
Although there were greater abundances of macroinvertebrates and fish in streams with low 
forest buffer, assemblages were dominated by pollution tolerant taxa.  In contrast, streams with 
high percent forest buffer and low watershed agriculture had the best biotic integrity.  Greater 
proportions of piscivores in these streams was attributed to increased maximum depth and 
improved habitat structure from woody debris along with better water quality.  Ordinations based 
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on fish community composition revealed significant differences among all three land use groups 
due to differences in trophic structure.  In addition, the fish assemblage matrix was significantly 
correlated to environmental patterns that clustered streams into each land use group. 
Macroinvertebrate assemblages were less sensitive to land use changes at both the riparian zone 
and watershed scale likely due to the dominance of sandy, unstable substrates in all sites.  
Results suggest instream conditions that were strongly controlled by the amount of riparian 
forest buffer in the watershed (e.g., basal resources, nutrient levels, and depth) had the greatest 
influence on stream community structure.   
Stable isotope analysis (δ13C and δ15N) was performed to examine food web structure 
and energy flow within each stream to determine how land use changes affect ecosystem 
function and identify potential mechanisms for observed differences in community structure.  To 
date, few studies have used a food web approach to investigate effects of row crop agriculture on 
headwater streams.  Agricultural streams with low percent riparian forest had compressed food 
webs with low trophic diversity and high trophic redundancy.  In contrast, forested and buffered 
streams had larger trophic niche areas with greater variability in both resource use and trophic 
position among invertebrates and fishes.  Results suggest fish communities in agricultural 
streams occupied lower trophic positions and had greater reliance on periphyton production than 
forested and buffered streams.  Although trophic diversity measures tended to be smaller in 
buffered sites, food web structure in forested and buffered streams were relatively similar despite 
a large range in watershed agriculture (48% - 81%) between these two land use groups.   
To further examine differences in food web structure, stable isotope and gut content 
analyses were combined to better quantify fish diets and explain variation in trophic position 
among species and land use groups.  Gut content analysis revealed that fish in forested streams 
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had a more diverse diet that included greater numbers of terrestrial invertebrates and aquatic 
invertebrate predators, whereas fish in agricultural streams consumed more aquatic herbivores 
(e.g., gastropods) and decapods.  Diets shifts of the omnivorous creek chub followed differences 
in basal resource biomass among streams, with greater proportions of algae consumed by creek 
chubs in agricultural sites contrasted by greater detritus consumption in forested sites.  Stable 
isotope analysis mixing model results supported differences indicated by gut content analysis, 
particularly increased contributions of terrestrial invertebrates to fish diets in forested streams.  
Results suggest the higher trophic positions of fish in forested streams were due to greater 
consumption of predatory invertebrates that inserted an intermediate link in the food chain.  
Together these studies highlight the importance of riparian forest buffers for restoring 
community structure, maintaining trophic diversity in food webs, and elevating fish trophic 
position in agricultural headwater streams.  My research provides further support for 
conservation programs that target riparian areas in efforts to protect stream ecosystem function in 
agriculturally impacted watersheds. 
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CHAPTER 1: GENERAL INTRODUCTION 
 Stream ecosystems are among the most degraded habitat types on Earth (Sala et al. 2000) 
with landscape change considered the dominant stressor (Malmqvist and Rundle 2002, USEPA 
2009, USEPA 2013).  Many streams in the Midwestern United States have been impacted by the 
conversion of native vegetation to agriculture, particularly in Illinois where agriculture covers 
more than seventy six percent of the state’s total area (USDA 2001).  Agricultural development 
has profound effects on streams ecosystems because it significantly alters physical, chemical, 
and hydrological characteristics.  Channelization, artificial drainage, and removal of riparian 
vegetation in agricultural areas can increase the severity and frequency of floods, create ‘flashier’ 
storm flows, and change the normal flow regime of a stream (Allan 2004).  In addition, 
agricultural runoff contributes high loads of sediments, nutrients, and pesticides, which is a 
major cause of stream water quality impairment (Osborne and Wiley 1988, USEPA 2013). 
 The physical and chemical stream alterations from agricultural activities impair habitat 
quality and alter resource availability, thereby affecting stream biological communities.  
Agricultural streams generally exhibit communities with decreased species diversity, low overall 
abundance, and increased relative abundance of pollution tolerant taxa (Karr 1981).  There are 
often shifts in benthic macroinvertebrate functional feeding groups, such as increases in scrapers 
and grazers, in response to increases in algal biomass (Delong and Brusven 1998, Spoonseller et 
al. 2001).  Changes in macroinvertebrate diversity and abundance can alter fish community 
composition by affecting the availability of food resources.  Decreases in specialist predatory fish 
(e.g., benthic invertivores) and increases in omniovores and herbivores are typical changes in 
fish trophic structure associated with agricultural land use (Fausch et al. 1990, Karr and Chu 
1999).  Reproductive guilds also shift with fish species that can spawn on fine sediments 
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replacing those that require clean spawning substrate (Schlosser 1982).  The dramatic change in 
community composition in agricultural areas is a principle threat to freshwater biodiversity and 
ecological integrity of stream ecosystems (Weijters et al. 2009).  Increasing awareness of the 
economic and ecological losses arising from stream degradation has fueled added pressures to 
implement land management strategies to conserve and restore flowing waters. 
 Riparian vegetation ‘buffers’, typically 30-50 m wide alongside streams, are widely 
recommended and promoted in agricultural areas as a method for improving degraded stream 
ecosystems (NRC 2002, Bernhardt et al. 2005).  Riparian buffers can improve stream water 
quality in agricultural areas by reducing soil erosion and filtering nutrients and pesticides out of 
runoff before it enters a stream (Osborne and Kovacic 1993, Lovell and Sullivan 2006).  
Riparian vegetation can also stabilize stream banks, restore channel morphology, and protect 
natural stream flow patterns (Lyons et al. 2000).  Forested riparian zones can moderate stream 
water temperature through shading, supply important inputs of organic matter such as leaves and 
seeds, and provide critical habitat that connects aquatic and terrestrial communities (Sweeney 
1993, Naiman and Decamps 1997).  Additionally, riparian trees contribute large woody debris 
that increases habitat diversity by enhancing the depth profile of the stream through the creation 
of pools and flow refugia (Brooks et al. 2004, Lester and Boulton 2008). 
 The assumption of riparian buffer policies is that protecting land adjacent to streams is 
sufficient to mitigate watershed-wide disturbances to water resources and stream ecosystems. 
However, stream communities in agricultural areas are affected by land use at multiple spatial 
scales and there has been considerable debate as to which spatial scale (reach, riparian corridor, 
or watershed) has the greatest influence.  Many studies have concluded that land use within 
riparian zones is the most important factor in driving differences in stream communities (e.g., 
3 
 
Lammert and Allan 1999, Stauffer et al. 2000, Spoonseller et al. 2001, Feld 2013), whereas 
others found watershed-wide land use more important than stream buffers for maintaining and 
restoring stream ecosystems (e.g., Richards et al. 1996; Wang et al. 1997, Harding et al. 1998, 
Stephenson and Morin 2009).  In addition, some studies have found that riparian buffers are not 
sufficient for protecting stream ecosystem integrity in watersheds highly altered by 
anthropogenic disturbances (Allan and Johnson 1997, Harding et al. 1998, Roy et al. 2005, 
Fischer et al. 2010).  Conflicting results among studies may be due in part to differences in the 
responses of macroinvertebrates and fish to landscape level and local habitat disturbances (Allan 
and Johnson 1997, Fitzpatrick et al. 2001, Wang et al. 2003, Barker et al. 2006).  
Macroinvertebrate assemblages are often controlled more by instream habitat variables, such as 
substrate, whereas the greater mobility and longer life span of fish enable them to respond to 
alterations occurring at broader spatial scales (Plafkin et al. 1989, Lammert and Allan 1999, 
Barker et al. 2006).  Taken together, these studies highlight the need to assess differences in the 
strength and mechanisms of responses between fish and macroinvertebrates at the same sites 
with concurrent sampling (Barker et al. 2006, Kennen et al. 2012, Johnson and Ringler 2014, 
Piliere et al. 2014). 
Assessing the independent effects of land use within riparian buffers and in the entire 
watershed has been difficult because of strong correlations among land use compositions at 
multiple scales (King 2005, Stephenson and Morin 2009).  Forest and agricultural land use are 
usually negatively correlated across spatial scales due to reductions in riparian forest area 
directly caused by increases in cropland across a watershed (Wilson and Xenopoulos 2008).  As 
a result, the land use scale determined to be most important is often the spatial scale with greater 
ranges within a given study (King 2005).  For example, separate studies by Roth et al. (1996) and 
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Lammert and Allan (1999) within the same agriculturally developed watershed had conflicting 
results due to differences in study design and scale.  Roth et al. (1996) found that regional scale 
land use was more important than the local scale in predicting aquatic assemblage patterns 
because their study sites covered a larger area and had greater differences in watershed level land 
use among sites.  In contrast, Lammert and Allan (1999) concluded that instream habitat and 
local land use were more significant in explaining the variability in aquatic assemblages, which 
was attributed to their study sites having more similar watershed level land use patterns.  As an 
alternative to traditional multiple regression models that are influenced by correlations among 
land us proportions and spatial scales, Moore and Palmer (2005) divided their study streams into 
land use categories that covered a gradient of agriculture to urban development and included 
urban streams with a variation in riparian buffer.  The study design provided a more powerful 
test of the effectiveness of riparian buffers to mitigate urban streams by removing the influence 
of intercorrelated land use variables on the results of statistical models (Moore and Palmer 
2005).  
My dissertation examines headwater streams that cover a gradient of riparian forest 
buffer and watershed agriculture to determine the extent to which riparian forest buffers can 
mitigate the effects of agricultural land use on stream ecosystems.  Headwater streams were 
investigated because they are the most sensitive to land use changes (Meyers et al. 2007) and 
play a vital role in protecting the biotic integrity of downstream reaches (Wipfli et al. 2007).   
Both macroinvertebrate and fish assemblages were used to quantify ecological impacts of 
agriculture because they often respond differently to indirect effects operating at multiple spatial 
scales (Plafkin et al. 1989) and are also directly affected via alterations to foraging efficiency, 
physiology, behavior, and habitat (Karr et al. 1986, Hilsenhoff 1988, Karr and Chu 1999).  To 
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make independent examination of riparian and watershed land use effects possible, I selected 
sampling sites that fit into distinct land use groups that eliminated the strong correlations 
between the percentages of forest and agriculture at both spatial scales.  My research was 
designed to determine what spatial scale has the greatest influence on stream ecosystems 
impacted by cropland agriculture to help guide the proper focal point of stream restoration and 
watershed management. 
Previous studies on stream biotic integrity have emphasized the importance of spatial 
differences with little consideration given to temporal scales (Bunn and Davies 2000).  Most 
investigations designed to determine landscape influences on stream community composition use 
data from a single sampling event (e.g., Lammert and Allan 1999, Spoonseller et al. 2001, 
Stephenson and Morin 2009, Feld et al. 2013).  These studies are based on the assumption that 
communities show little annual change and exhibit high persistence (Bunn and Davies 2000).  
Although land use spatial patterns have been shown to strongly affect aquatic assemblages, 
unexplained differences in biota may be due in part to seasonal or inter-annual variation 
(Lammert and Allan 1999).  To determine if community patterns and their relationships with 
land use are persistent through time, sampling for my dissertation was conducted seasonally over 
multiple years.    
In Chapter 2, I studied macroinvertebrate and fish community structure in nine headwater 
streams that were equally divided into three land use groups covering the available range in 
riparian forest buffer and watershed agricultural land use in the study area.  Sampling was 
conducted seasonally over three years to determine potential mechanisms for patterns of 
variation in community structure related to land use, instream habitat, water quality, and food 
resources.  I predicted that streams with low percent riparian forest buffer would have more 
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homogenous stream habitat conditions, higher nutrient levels, and increased algal production 
compared to streams with greater percent forest buffer.   I hypothesized that abiotic changes due 
to variation in the amount of riparian forest buffer would have a greater effect on the abundance, 
distribution and trophic structure of fish communities than on macroinvertebrates in agricultural 
streams. 
After investigating how variation in stream community structure related to differences in 
riparian forest and agricultural land use, the next step in my dissertation was to determine if the 
structural differences indicated changes in ecosystem function.  Ecosystem structure refers to 
biological, chemical and physical patterns, whereas ecosystem function involves quantification 
of ecosystem-level processes, such as rates of productivity and decomposition (Woodward 
2009).  Increasing efforts to link landscape disturbances and ecosystems function have emerged 
in the literature in an attempt to understand the mechanisms by which human activities degrade 
aquatic ecosystems (e.g., Johnson and Host 2010, Hladyz et al. 2011, Woodward et al. 2012, 
Milanovich et al. 2014). Assessments of stream ecosystem health have traditionally been based 
on structural indices that describe biological assemblages, especially macroinvertebrates and fish 
(e.g., IBI – Karr 1981).  However, structural measures provide little quantitative information 
about ecosystem processes (Bunn and Davies 2000, Gessner and Chauvet 2002).  Functional 
indicators may also respond before changes in structure occur, providing early detection of 
anthropogenic stressors (Rapport et al. 1998).  Adequate characterization of ecosystems requires 
information on both structure and function (Gessner and Chauvet 2002) because stressors might 
cause changes to structure but not function or vice versa (Sandin and Solimini 2009).  For 
example, Bunn and Davies (2000) reported responses in gross primary production and 
community respiration to nutrient enrichment and turbidity, whereas macroinvertebrate 
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community structure did not detect those stresses.  In contrast, Death et al. (2009) showed a clear 
response in macroinvertebrate community structure to anthropogenic stressors but no functional 
response in leaf litter decomposition.  The recognition that measures of ecosystem health should 
include functional indicators has generated a critical need to develop and test measures of 
ecosystem function for use in stream assessment programs. 
Although ecosystem properties are strongly influenced by overall food web structure 
(Thebault and Loreau 2003), most functional studies have focused on ecological processes at the 
base of the food web such as leaf litter decomposition (e.g., Gessner and Chauvet 2002) or a 
single taxonomic group such as macroinvertebrates (e.g., Doledec et al. 2006).  Food web 
analysis may be a better integrated measure of stream health because it provides information on 
vital interactions among species and trophic levels, along with insight into ecological processes 
linked to energy flow and nutrient cycling (Woodward 2009).  Recent studies have incorporated 
a food web approach in assessments of other anthropogenic stressors, such as streams impacted 
by acid mine drainage (Hogsden and Harding 2014), urbanization (Eitzmann and Paukert 2010), 
and deforestation due to logging (Gothe et al. 2009) and grazing land use (Hladyz et al. 2011). 
However, research directed at the influence of cropland agriculture on headwater food webs is 
lacking (but see Bergfur et al. 2009, Milanovich et al. 2014). 
In Chapter 3, I used stable isotope analysis (δ13C and δ15N) to examine food web 
structure in the same headwater stream sites as the community structure study in chapter 2.  
Natural abundances of δ13C and δ15N in organic matter and stream biota reflect resource use and 
trophic interactions (Peterson and Fry 1987) and have been shown to be sensitive to 
anthropogenic disturbances (England and Rosemond 2004, Anderson and Cabana 2005, 
Eitzmann and Paukert 2010).  As a result, stable isotope analysis provides a valuable indicator of 
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stream ecosystem function (Anderson and Cabana 2005, Hogsden and Harding 2014).  I 
completed stable isotope analysis on basal energy sources and consumers (6 invertebrate groups 
and 7 fish species) in all sites during spring and summer with isotopic metrics used to assess 
differences in energy flow, food chain length, trophic diversity, and trophic niche size.  I 
predicted that the removal of riparian vegetation would shift the system toward an autochthonous 
resource base and fundamentally alter food web structure in agricultural streams.  This study is 
the first to investigate community-wide isotopic shifts related to alteration in riparian forest and 
row crop land use and provides important information on the impact of cropland agriculture on 
stream ecosystem function. 
In Chapter 4, I examined fish diets using analyses of gut contents and stable isotopes to 
further investigate differences in fish trophic position and food web structure among streams.  
Gut content analysis provides better taxonomic details on diet items, whereas stable isotope 
analysis provides more integrated information about food sources consumed over time (Vander 
Zanden et al. 1997, Layman et al. 2005).  While gut content analysis is more time intensive and 
requires larger samples sizes, results are particularly valuable when high levels of omnivory and 
overlapping isotopic signatures of food sources make interpretation of stable isotope analysis 
challenging (Rybczynski et al. 2008).  I found that a combined approach using both methods was 
important in discerning the influence of riparian forests on fish diets and trophic position in 
agricultural streams.  
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CHAPTER 2: EFFECTS OF RIPARIAN FOREST BUFFERS AND AGRICULTURAL  
LAND USE ON MACROINVERTEBRATE AND FISH COMMUNITY STRUCTURE  
 
Abstract 
  Although forested riparian zones have been shown to reduce sediment and nutrient 
inputs and improve habitat conditions in agricultural streams, conflicting results from previous 
studies suggest biotic integrity may not be restored by the presence of riparian buffers in highly 
degraded watersheds.  To determine if forest buffers can ameliorate cropland agricultural 
impacts on stream communities, we examined the effects of riparian forest and watershed 
agricultural land use on macroinvertebrate and fish assemblages in headwater streams.  Study 
sites were equally divided into three land use groups that covered the range of riparian forest and 
agriculture in the watershed.  Sampling was conducted seasonally over three years to explore 
temporal patterns in biotic assemblages related to land use, instream habitat, and water quality 
parameters.  Streams with low percent forest buffer had significantly higher daily maximum 
temperature, nitrate-nitrogen levels, and primary productivity than the two high forest buffer land 
use groups.  Macroinvertebrate density and fish abundance were also higher in streams with low 
percent riparian forest due to large numbers of pollution tolerant taxa and herbivores that were 
able to proliferate with increased algal biomass.  In contrast, streams with high percent forest 
buffer and low watershed agriculture had the best biotic integrity and the most piscivores likely 
due to increased maximum depth and better instream habitat quality.  Nonmetric 
multidimensional scaling ordinations of macroinvertebrate taxa showed no separation based on 
land use, but fish community composition was significantly different among all three land use 
groups and the assemblage matrix was highly correlated with environmental variables that 
distinguished streams with high percent forest buffer from low buffer streams.  Results suggest 
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fish community structure is more sensitive than macroinvertebrate assemblage to agricultural 
land use influences at both the riparian zone and watershed scale.  Our study provides 
information on the effects of riparian vegetation on stream community structure in agricultural 
watersheds and highlights the importance of managing and restoring riparian forests to conserve 
stream biotic integrity. 
 
Introduction 
Agricultural land use and riparian disturbance have been repeatedly cited as the most 
widespread sources of degradation to stream ecosystems in the United States (Malmqvist and 
Rundle 2002, USEPA 2009, USEPA 2013).  Impacts of agricultural activities on streams in the 
Midwestern United States have been more extensive than other regions of North America, 
particularly in Illinois where agriculture covers the majority (67%) of the total area (USDA 
2001).  Specific causes of degradation include removal of riparian vegetation, increases in 
sediment and nutrient runoff, and alterations in habitat and hydrologic characteristics (Allan 
2004, USEPA 2013).  Riparian forest ‘buffers’ can improve stream water and habitat quality by 
filtering runoff,  restoring channel morphology, moderating water temperature through shading, 
and supplying allochthonous organic matter such as leaves and woody debris (Naiman and 
Decamps 1997, Lovell and Sullivan 2006).  Although riparian buffers have been found to be 
important in maintaining and restoring stream ecosystems (e.g., NRC 2002, Barker et al. 2006, 
Mayer et al. 2010, Sweeney and Newbold 2014), several studies have found that buffers are not 
sufficient for protecting stream biological integrity in highly degraded watersheds (Allan and 
Johnson 1997, Harding et al. 1998, Roy et al. 2006, Fischer et al. 2010).   
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Fish and benthic macroinvertebrate assemblages are often used to quantify ecological 
impacts of agriculture and riparian buffer effectiveness by examining changes in trophic, 
reproductive, and functional feeding guilds along with species richness and tolerance to pollution 
(Karr et al. 1986, Hilsenhoff 1988, Karr and Chu1999).  For example, agricultural streams often 
have shifts in macroinvertebrate functional feeding groups, such as increases in scrapers and 
grazers, in response to increases in algal biomass (Delong and Brusven 1998, Spoonseller et al. 
2001) and subsequent increases in omnivorous and herbivorous fish trophic groups (Fausch et al. 
1990, Karr and Chu 1999).  Despite the numerous studies that have shown strong associations 
between agricultural land use and changes in stream community composition (e.g., Karr 1981, 
Lammert and Allan 1999, Stephenson and Morin 2009, Feld 2013), the relative influence of 
riparian buffers on different stream biotic assemblages are still not well understood, particularly 
in systems dominated by cropland agriculture (>70% land use) practices (but see Hrodey et al. 
2009).  
The influence of riparian buffers on stream communities in agricultural areas has been 
shown to vary substantially because fish and macroinvertebrates often respond differently to 
landscape and habitat variables (Lammert and Allan 1999, Fitzpatrick et al. 2001, Kennen et al. 
2012, Feld 2013).  Previous studies suggest that macroinvertebrate assemblages are controlled 
more by instream habitat characteristics, whereas fish respond to conditions operating at broader 
spatial scales because of their greater mobility and longevity (Plafkin et al. 1989, Lammert and 
Allan 1999, Barker et al. 2006).  However, the relative effects of land use at multiple spatial 
scales (reach, riparian corridor, or watershed) in agriculturally dominated streams are 
inconsistent due to highly variable system conditions (Hrodey et al. 2009).  Many studies have 
concluded that land use within riparian zones (e.g., % riparian forest) is the most important factor 
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in driving differences in fish communities (e.g., Lammert and Allan 1999, Stauffer et al. 2000, 
Spoonseller et al. 2001, Wilson and Xenopoulos 2005, Feld 2013), whereas others found the 
amount of watershed agricultural land use more important than stream buffers (e.g., Richards et 
al 1996, Harding et al. 1998, Wang et al. 2003, Stephenson and Morin 2009).  Although 
macroinvertebrate communities are more consistently associated with instream habitat and local 
riparian features, such as canopy cover (Lammert and Allen 1999), watershed level riparian 
buffers have also been shown to have strong influences (Moore and Palmer 2005, Barker et al. 
2006).  Both biota have been well studied individually with respect to agricultural land use 
change; however, recent studies emphasize the need to assess differences in the strength and 
mechanisms of responses between fish and macroinvertebrates at the same sites with concurrent 
sampling (Barker et al. 2006, Kennen et al. 2012, Johnson and Ringler 2014, Piliere et al. 2014). 
Understanding what spatial scale has the greatest influence on stream ecosystems is 
important to help guide the proper focal point of stream restoration.  Conflicting results among 
studies may be related to regional differences in responses, levels and types of anthropogenic 
disturbance, or differences in study designs (Allan and Johnson 1997, Fitzpatrick et al. 2001, 
Wang et al. 2003).  The spatial scale determined to be most important is often the scale with 
greater ranges in land use within a given study (King et al. 2005).  It has been difficult to assess 
the independent effects of land use within riparian buffers and in the entire watershed because of 
strong correlations among land use compositions at multiple scales (King et al. 2005, Stephenson 
and Morin 2009).  Forest and agricultural land use are usually negatively correlated across 
spatial scales due to reductions in riparian forest area directly caused by increases in cropland 
across a watershed (Wilson and Xenopoulos 2008).  Instead of using traditional multiple 
regression models that are influenced by intercorrelated land use proportions, classifying streams 
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into land use categories with distinct compositions in riparian and watershed land use is a 
powerful alternative approach (King et al. 2005, Moore and Palmer 2005).   
Investigations of stream biotic integrity typically emphasize the importance of spatial 
differences and tend to neglect temporal scales (Bunn and Davies 2000).  Most studies that have 
sought to determine landscape influences on stream community composition used data from a 
single sampling event (e.g., Lammert and Allan 1999, Spoonseller et al. 2001, Stephenson and 
Morin 2009, Feld et al. 2013) assuming that communities show little annual change and exhibit 
high persistence (Bunn and Davies 2000).  Although correlations between land use and aquatic 
assemblages have been found, unexplained differences in biota may be due in part to seasonal or 
inter-annual variation (Lammert and Allan 1999).  Studies that have included more than one 
sampling date are often limited to the same season (e.g., Stammler et al. 2008, Cianfrani et al. 
2012, Kennen et al. 2012), generally summer, over multiple years (but see Adams et al. 2004).   
 We examined nine headwater streams with a gradient of riparian forest and watershed 
agriculture to determine the extent to which riparian forest buffers can mitigate the effects of 
agricultural land use on macroinvertebrate and fish communities.  Headwater streams were 
investigated because they are the most sensitive to alterations in riparian and watershed 
conditions due to their small watershed areas (Meyer et al. 2007).  Our methods improve on 
previous studies by selecting sampling sites that fit into distinct land use groups, making 
independent examination of riparian and watershed land use effects possible.  In addition, we 
determined if community patterns and their relationships with land use were persistent through 
time by sampling seasonally over multiple years.  The objectives of this study were to: (1) 
determine how differences in riparian forest buffers and watershed agricultural land use affect 
macroinvertebrate and fish community structure, (2) assess which spatial scale, riparian or 
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watershed, has more influence on each assemblage in agricultural streams, (3) determine 
potential mechanisms for patterns of variation in community structure related to land use, in-
stream habitat, water quality, and food resources. We predicted that streams with low percent 
riparian forest buffer would have more homogenous habitat conditions, higher nutrient levels, 
and increased algal production compared to streams with greater percent forest buffer.  These 
abiotic changes were expected to affect the abundance, distribution, and trophic structure of fish 
and macroinvertebrates communities.  We also predicted that differences in the strength in 
responses between fish and macroinvertebrate assemblages would be related to larger variation 
among streams that can occur at the watershed spatial scale. 
 
METHODS 
Study Area and Site Selection   
 Study sites were headwater streams (second or third order) located in the Embarras River 
Watershed in east-central Illinois (Figure 2.1).  Streams in the watershed are low gradient, 
warmwater systems primarily composed of sandy substrates.  Land use within the watershed is 
dominated by row-crop (mainly corn and soybean) and small grain agriculture (73.5%) with low 
levels of urban development (1.8%).  The watershed was chosen because it has considerable 
corridors of intact natural riparian forest.  Individual study sites were selected using ArcView 
GIS 9.1 (ESRI 2005) based on the Land Cover of Illinois 1999-2000 Classification on-line 
database compiled by the Illinois Department of Natural Resources and the Illinois State 
Geological Survey (IDOA 2001).  Land use was inferred from land cover information.   
Land use categories were created based on the overall proportion of agriculture (row crop 
+ non-row crops), forest (upland + lowland wooded forest), and urban development (residential 
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+ commercial).  Land use proportions for each sampling location were calculated at two 
watershed spatial scales: the whole watershed area and the entire riparian buffer area (land use 
within 30 m of the stream) upstream of each site.  Riparian buffer width size of 30 m was 
selected based on resolution of land cover data (30-m pixels) and because 30 m is the minimum 
size recommended for the protection of water quality (Welch 1991) and biological integrity in 
small streams (Sweeney and Newbold 2014).  The study reaches were selected to have similar 
channel width and watershed size (range 27-39 km2) in an attempt to minimize potential 
differences among sites due to stream size that would be unrelated to land use.  
Nine sites were selected that covered the available range of riparian forest (16-92%) and 
agricultural land use (48-89%) in the Embarras River Watershed (Figure 2.1).  Urban land use 
was not included as a category because all study sites had very little (<1%) urban development 
upstream of the sampling locations.  The nine sites were equally divided into three distinct land 
use groups (Figure 2.2).  Streams in the “High Buffer - Low Agriculture” land use group had the 
highest percentages of riparian forest buffer (> 75%) and the lowest amounts of agriculture 
(<51%) in the entire watershed area above sampling locations.  Streams classified in the “High 
Buffer – High Agriculture” group had high percentages of riparian forest buffer (>70%) and high 
percentages of watershed agriculture (>73%).  “Low Buffer – High Agriculture” streams had low 
percentages of riparian forest buffer (<39%) and high amounts of watershed agriculture (>79%).  
We split the streams into these well-defined land use groups to eliminate the strong 
intercorrelations between the percentages of forest and agriculture that generally exist at the 
riparian and watershed spatial scale.  The study design enabled us to consider the effects of 
watershed level land use changes in both the riparian area and the entire watershed.   
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Physical and Chemical Characterization 
Sampling was conducted at all nine study sites twice a year, in the spring (May–early 
June) and summer (late July–August), over three years (2007-2009) to explore patterns of 
temporal variation.  To minimize the influence of flow conditions on habitat measurements and 
sampling efficiency, sampling only took place when streams were considered to be at base flow.  
Habitat and hydrology measurements followed methods adapted from the U.S. Geological 
Survey (USGS) protocol for the National Water-Quality Assessment (NAWQA) Program 
(Fitzpatrick et al. 1998).  At each site, a representative 100 m reach was selected to include two 
riffle-pool sequences.  Mean reach width, depth, and flow were estimated based on 
measurements taken at 10 equally spaced cross-stream transects.  Stream depth and flow velocity 
(FLOW-MATE, Marsh-McBirney, Fredrick, MD) were measured at five equally spaced points 
along each transect. At each sampling point, the dominant substrate surrounding the point was 
classified as clay or silt, sand (particle size < 2mm), fine gravel (2-16mm), coarse gravel (16-64 
mm), cobble (65-250 mm), or bedrock based on a modified Wentworth Scale (Wentworth 1922, 
Fitzpatrick et al. 1998).  Substrate measurements were used to estimate total percentages of each 
substrate type present within each sampling reach.  Habitat heterogeneity was estimated for each 
site by calculating the coefficient of variation (CV) of depth, flow, and width using all transects 
measurements.  Stream canopy cover was measured at each transect using a spherical 
densiometer and the percent cover for each transect was averaged for each site.   
 During each sampling event, water temperature, dissolved oxygen, and conductivity were 
measured using a hand held meter (YSI Model 85).  In addition, water samples were collected 
for determining dissolved reactive phosphorous (DRP) and total phosphorous (TP) 
concentrations using the ascorbic acid method (APHA et al. 2005) and nitrate-nitrogen (NO3-N) 
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concentration was analyzed using second-derivative spectroscopy (Crumpton et al. 1992).  To 
better compare thermal regimes among the land use groups, stream water temperatures were 
recorded every 30 minutes at each site during spring and summer months in 2009 using 
submerged temperature loggers (HOBO Stowaway, Onset Computer, Massachusetts, USA).   
Basal resources and macroinvertebrates were sampled to determine potential food sources 
for fishes and examine differences in stream community structure among the three land use 
groups.  Benthic particulate organic matter was collected using sediment cores (10 cm diameter x 
10 cm depth) and divided into coarse particulate organic matter (CPOM > 1mm) and fine 
particulate organic matter (FPOM < 1mm) using nested sieves (Delong and Brusven 1993).  Five 
samples were taken from each site per sampling event.  CPOM and FPOM samples were dried at 
60°C for 48 h and then weighted.  Samples were then ashed at 490°C for 2 h and reweighted to 
obtain ash-free dry mass (AFDM), which was used to estimate the amount of benthic organic 
matter (g/m2) in each sampling reach.   
Periphyton chlorophyll a (chl-a) concentrations and periphyton AFDM were calculated to 
compare primary productivity and algal biomass among streams.  Five periphyton samples were 
collected from each site per sampling event using the inverted petri dish method for sampling 
epipsammic habitats (Moulton et al. 2002).  Aliquots for chl-a analysis were filtered onto 
Whatman GFC filters and immersed in 90% ethanol and then placed in the dark at 4°C to extract 
for 24 h. The extract was clarified by centrifugation and analysed spectrophotometrically for chl-
a concentration. Aliquots for periphyton AFDM determinations were filtered onto Whatman 
GFF filters, dried and ashed using methods as described above for CPOM and FPOM. 
 
 
24 
 
Community Assessment  
Benthic macroinvertebrates were collected on each sampling date using a 500-µm mesh 
Kicknet and Hess sampler.  Multi-habitat kicknet sampling followed methods described in 
Barbour and Stribling (2006) where 20 kick samples were taken at locations reflecting the 
proportion of the microhabitat type (e.g., woody debris snag, undercut banks, riffles, etc.) present 
in each stream site. Net contents were pooled and the composite sample preserved in 95% 
ethanol.  Five Hess samples (350mm diameter) were also taken to provide more quantitative 
estimates of macroinvertebrate abundance and biomass.  Macroinvertebrates collected were 
identified to family for most groups and subfamily for Chironomidae larvae according to Merritt 
and Cummins (1996).  The number of taxa in the orders Ephemeroptera, Plecoptera, and 
Trichoptera (EPT richness) at each site was determined because this metric in often used as an 
indicator of water quality (Rosenberg and Resh 1993).  Macroinvertebrates were also assigned to 
functional feeding groups when taxonomic resolution permitted (Merritt and Cummins 1996). 
 Fish were collected concurrent with all other sampling over the 100-m reach using a 
Smith-Root backpack electrofishing unit with two netters in a single upstream pass.  Block 
seines were placed at the upstream and downstream ends of the reach prior to sampling to 
prevent fish movement out of the site.  Collected fish were identified to species, measured for 
total length (mm), and then returned to the stream.  A subset of fish, up to 30 individual per 
species per site, was also weighted to determine site-specific length-weight regressions to be 
used in fish biomass calculations.  Fish that could not be identified on site were preserved in 10% 
formalin and subsequently identified in the laboratory.   
Fish species were classified into trophic and reproductive guilds because of established 
associations between functional traits and environmental conditions (e.g., Karr 1981, Karr et al. 
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1986, Smogor and Angermeier 2001).  Trophic guild determinations were based on dominant 
food source of adult fish according to descriptions in Becker (1983) and Simon (1999).  Because 
a fishes mode of feeding helps to differentiate among trophic guilds, species categorized as 
invertivores were further classified as primarily benthic feeders, water column and surface 
feeders, or generalist feeders (Poff and Allan 1995).  Reproductive guild categories included 
reproductive behaviors (e.g., nest spawner, brood hider) and preferred spawning grounds (e.g., 
lithophils, phytophils) based on classifications by Simon (1999).  Fish assemblage data were also 
used to calculate index of biotic integrity (IBI) scores using the IBI-AIBI version 2.01 program 
that was developed for biotic integrity assessments of Illinois fish communities (Bickers 1988). 
 
Data Analyses 
 Principal component analyses (PCA) were performed on the 24 environmental variables 
using PRIMER V6.1.6 (Plymouth Marine Laboratories) to reduce the dimensionality of the data 
and identify patterns among streams within land use groups.  Prior to analyses, appropriate data 
transformations were applied when required to approximate normality or to improve variance 
homogeneity (Clarke 1993).  After transformations were applied, if any, all data were normalized 
before PCA so variables measured in different units would have comparable, dimensionless 
scales (Clarke and Warwick 2001).  Principle components with eigenvalues >2 and 
environmental variable loadings >|0.25| were considered important in structuring variation 
among streams (Ferre 1995).  Two-way crossed analysis of similarity (ANOSIM) was conducted 
using a Euclidian dissimilarity matrix constructed from the PCA data to test for differences 
among streams in land use ‘treatments’ and/or sampling periods (Clarke 1993).  ANOSIM is the 
multivariate equivalent to the univariate ANOVA and compares the similarity among samples 
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within treatments with the similarity among samples between treatments.  The ANOSIM statistic 
R indicates the magnitude of the difference among groups (R=1 when groups differ completely 
and R=0 when no differences are detected).  Environmental variables found to be the most 
significant in explaining variation among sites, according to PCA and ANOSIM results, were 
selected for further analyses.   
Differences in select environmental characteristics, basal resources, and 
macroinvertebrate and fish assemblage metrics were analyzed with repeated-measures ANOVA 
using PROC MIXED (SAS Institute Inc. 2009) with land use groups as a fixed variable and 
sampling time as repeated variable.  Akaike Information Criterion (AIC) values were used to 
select the most appropriate covariance structure for the repeated measures model (Littell et al. 
1998).  When a significant effect of land use type or sampling period was found, pairwise 
comparisons were made using Tukey post hoc multiple comparison tests.   
To investigate the effects of land use and sampling period on community composition, 
comparisons of macroinvertebrate and fish assemblages were made using non-parametric 
multivariate techniques (PRIMER V6.1.6, Plymouth Marine Laboratories).  Non-metric 
multidimensional scaling ordinations (NMDS) were generated using Bray-Curtis similarities.  
Similarity matrices were calculated using square root transformed data, which reduces the 
contribution of highly abundant species so that less common species can also contribute to the 
calculation of similarity (Clarke and Warwick 2001).  Two-way crossed ANOSIM was used to 
test for differences among streams from the three land use groups and/or sampling periods 
(Clarke 1993).  If significant differences were found among assemblages, SIMPER (SIMilarity 
PERcentages) analyses were used to determine the contribution that each species makes to the 
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mean dissimilarity in assemblage composition between the land use groups and sampling time 
(Clarke and Warwick 2001).  
Finally, BEST and Biota-Environmental (BIOENV) analyses in PRIMER were used to 
search for linkages between multivariate patterns in macroinvertebrate and fish assemblage 
structure and the environmental variables (Clark and Warwick 2001).  BEST analysis was used 
to calculate Spearman rank correlations between the resemblance matrix derived from a subset of 
environmental variables and the similarity matrix of the fish assemblage data.   The BIOENV 
procedure selects the combination of environmental variables that maximizes the rank 
correlation and therefore 'best’ explains the fish assemblage structure.  The significance of the 
correlation between the best subset of environmental variables and the assemblage matrixes was 
determined using permutation testing with the BV-STEP procedure (Clarke et al. 2008).   
 
RESULTS 
Physical and Chemical Characterization 
Principal Component Analyses (PCA) identified physical and chemical patterns among 
sites that varied by land use group.  To avoid redundancy, DRP was the only environmental 
variable excluded from PCA as it is a component of and therefore strongly correlated to TP (r = 
0.96). The first three PCA axes met our criteria for inclusion and cumulatively explained 55.0% 
of the environmental variation among streams (Table 2.1).  The first PC axis represented 
variation in depth (CV depth) and differences in basal energy sources (chl-a, periphyton 
biomass, and BOM), temperature, and total phosphorous concentrations (Table 2.1).  The second 
PC axis was primarily associated with hydrologic variables (mean velocity, mean width, CV 
width), water quality parameters (DO and NO3-N) and percent coarse gravel (Table 2.1).  The 
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third PC axis was related to dimensions of depth and width (maximum depth, CV depth, width-
depth ratio, mean width) and differences in substrate composition (percent sand, gravel, cobble, 
bedrock) (Table 2.1).  Comparison of PC1 and PC2 revealed segregation of sites by land use 
group along axis 1 (Figure 2.3).  Low Buffer - High Agriculture streams were associated with 
higher primary production, greater phosphorus concentrations, and warmer water temperatures.  
In contrast, High Buffer – Low Agriculture streams were associated with higher amounts of 
benthic organic matter and greater variation in depth.  High Buffer – High Agriculture streams 
were intermediate between the other two land use groups.   
Two-way crossed ANOSIM indicated that environmental conditions were significantly 
different among land use groups (P = 0.001) and sampling periods (P = 0.001), and that the 
differences were greater between land use groups (R = 0.46) than between sampling periods (R = 
0.32).  Pair-wise comparisons indicated that environmental variables in streams within each land 
use group were significantly different from each of the other land use groups (P < 0.004).  
Differences were greatest between High Buffer – Low Agriculture and Low Buffer – High 
Agriculture streams (R = 0.79; P = 0.001), then Low Buffer – High Agriculture compared to 
High Buffer – High Agriculture streams (R = 0.42; P = 0.002), and finally High Buffer – High 
Agriculture compared to High Buffer – Low Agriculture streams (R=0.32; P = 0.004).  The 
influence of sampling date on environmental variables was significant with differences found 
between all sampling period comparisons (P < 0.05), except summer 2008 compared to summer 
2009 (R = 0.05; P = 0.34).  As predicted, greater differences were found between spring and 
summer sampling periods (i.e., spring 2008 vs. summer 2008; R = 0.47) than in comparisons 
between the same season of different years (i.e., summer 2007 vs. summer 2009; R = 0.27).  
Because PC1 and PC2 accounted for only 44.2% of variation in environmental characteristics, 
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additional analyses were necessary to support any inferences made from PCA and ANISOM 
results. 
Although all hydrological variables had high loadings on one of the three PCA axes, 
repeated measure ANOVAs suggest that most of the hydrological characteristics (mean depth, 
mean velocity, mean width, CV velocity, CV width) were similar among streams (P > 0.05, 
Table 2.2). However, CV depth was significantly greater in streams in the two high forest buffer 
land use groups compared to the low forest buffer streams (P < 0.05, Table 2.2).  In addition, 
maximum depth was significantly greater in High Buffer – Low Agriculture streams than Low 
Buffer – High Agriculture streams (P = 0.03, Table 2.2). 
Repeated measures ANOVA models for habitat variables, nutrients, and basal resources 
supported conclusions based on PCA.  There were significant seasonal differences among many 
of the abiotic parameters due to predictable annual variation (e.g., warmer temperatures in 
summer); however, relationships among streams with different land use types were relatively 
consistent over all sampling periods (i.e., no significant interactions were found (P > 0.05)).   
Low Buffer – High Agriculture streams had significantly higher daily maximum temperature, 
nitrate-nitrogen levels, and chlorophyll a concentrations (P < 0.05, Table 2.2) than the two high 
forest buffer land use groups.  Although differences in TP concentrations among land use groups 
were not significant (P = 0.08), High Buffer – Low Agriculture streams consistently had the 
lowest TP and had significantly lower DRP compared to Low Buffer – High Agriculture streams 
(P = 0.02, Table 2.2).   
Basal energy biomass varied between land use groups (Table 2.3).  Benthic organic 
matter was significantly different among all land use groups (P < 0.0001) with the greatest 
amount in High Buffer – Low Agriculture streams, intermediate levels in High Buffer – High 
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Agriculture streams, and the least amount in Low Buffer – High Agriculture streams (Figure 
2.4A).  Low Buffer – High Agriculture streams had significantly greater periphyton biomass than 
both High Buffer – High Agriculture streams (Tukey, P = 0.001) and High Buffer – Low 
Agriculture streams (Tukey, P = 0.002, Figure 2.4B).   
 
Macroinvertebrate Assemblages 
A total of 214,613 organisms representing 70 different families of macroinvertebrates 
were identified in the nine headwater streams sampled within the Embarras River watershed 
(Appendix A.1).  Macroinvertebrate assemblage was dominated by tolerant taxa with 
Chironomidae larvae accounting for 41.5% to 89.9% of all individuals collected per site/date.  
The top four other common taxa were Hydropsychidae, Oligochaeta, Caenidae, and Baetidae. 
Macroinvertebrate density differed significantly among land use groups (Table 2.3) with Low 
Buffer - High Agriculture streams significantly greater than High Buffer – Low Agriculture 
streams in spring and summer (Tukey, P = 0.01) and significantly greater than High Buffer – 
High Agriculture streams (Tukey, P = 0.04) in spring (Figure 2.5A).  Differences in 
macroinvertebrate density were also found between sampling dates (Table 2.3).  
Macroinvertebrate density was significantly lower in summer 2007 compared to summer 2008 (P 
= 0.004), spring 2009 (P = 0.002), and summer 2009 (P = 0.02).  In addition, macroinvertebrate 
density was significantly lower in spring 2008 compared to summer 2008 (P = 0.01) and spring 
2009 (P = 0.01).    
Taxa richness in individual sample sites ranged from 10 – 32 macroinvertebrate taxa for a 
single sampling date and 22 – 50 macroinvertebrate taxa over the course of the study.  There 
were no significant differences in macroinvertebrate richness, diversity, or EPT taxa between 
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land use types and sampling dates (Table 2.4).  Although differences in macroinvertebrate 
functional feeding groups were not significant among land use groups or sampling dates (Table 
2.4), grazer taxa tended to be in greater abundances in Low Buffer – High Agriculture sites 
compared to the other land use groups and predator taxa tended to be in highest abundances in 
High Buffer – Low Agriculture sites (Figure 2.7A).  NMDS ordination based on 
macroinvertebrate taxa composition showed overlap in ordination space between land use groups 
(Figure 2.8) and two-way crossed ANOSIM indicated that macroinvertebrate community 
structure was not significantly different between land use groups (P = 0.15).  
 
Fish Assemblages 
 A total of 6691 fish representing 38 species were collected in the nine headwater streams 
sampled within the Embarras River watershed (Appendix A.2).  Fish assemblage was dominated 
by tolerant taxa.  Lepomis cyanellus (green sunfish), Semotilus atromaculatus (creek chub), and 
Pimephales notatus (bluntnose minnow) were the most common taxa, found in all sites and 
collected during most sampling events (green sunfish 100%, creek chub 96%, and bluntnose 
minnow 89% of sampling times).  The rarest species sampled was the state threatened, 
Ammocrypta pellucida (eastern sand darter; N = 2).  The highest abundance of fish was 
consistently found in Low Buffer – High Agriculture streams (Figure 2.5B), but differences in 
abundance among land use groups were not significant (P = 0.07, Table 2.3).  Although there 
were no significant differences in fish biomass between land use groups and sampling periods 
(Table 2.3), High Buffer – High Agriculture streams tended to have the greatest fish biomass 
during all summer sampling periods (Figure 2.5C).   
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Species richness in individual sample sites ranged from 5 – 19 fish species for a single 
sampling date and from 15 – 27 fish species over the course of the study.  Fish species richness, 
evenness, and diversity indices were not significantly different among land use groups, but there 
were significant differences among sampling periods (Table 2.3).  Fish species richness was 
significantly lower in spring 2008 compared to summer 2007 (P = 0.02) and summer 2008 (P = 
0.002).  Relationships among streams within each land use group for Pielou’s evenness and 
Shannon diversity index were variable by sampling period, resulting in significant interactions 
for both indices (Table 2.3).  
 Fish biotic integrity scores ranged from 28 (Poor) to 50 (Good) and varied significantly 
among land use groups (Table 2.3).  High Buffer - Low Agriculture streams had significantly 
better IBI scores than Low Buffer – High Agriculture streams (P = 0.03) , whereas High Buffer – 
High Agriculture sites were intermediate and not significantly different (Figure 2.6).  IBI scores 
classified the High-Buffer – Low Agriculture sites as Good-Fair and Fair for most sampling 
dates with 3 sampling dates receiving a Good ranking.  High Buffer – High Agriculture sites 
consistently classified as Fair and the Low-Buffer – High Agriculture sites as Fair and Fair-Poor 
(Karr 1981).  IBI scores also varied between sampling periods with significantly higher IBI 
scores in all summer samplings compared to all spring samplings (P < 0.05).   
Fish trophic structure differed among land use groups (Table 2.3, Figure 2.7).  High 
Buffer –Low Agriculture streams had significantly greater proportions of piscivores, such as 
Micropterus salmoides (largemouth bass), compared to High Buffer – High Agriculture streams 
(P = 0.004) and Low Buffer – High Agriculture streams (P = 0.001).  Several piscivorous species 
were only collected at High Buffer – Low Agriculture sites including Amia calva (bowfin) and 
Esox americanus (grass pickerel).  High Buffer – Low Agriculture streams also had the greatest 
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proportion of general invertivores (Figure 2.7), but differences among land use groups were not 
significant (P = 0.08, Table 2.3).  In contrast, Low Buffer – High Agriculture streams had 
significantly greater proportions of herbivores-detritivores, such as Campostoma anomalum 
(central stonerollers), compared to both High Buffer - Low Agriculture streams (P = 0.002) and 
High Buffer – High Agriculture sites (P = 0.006). 
Repeated measures ANOVA indicated reproductive guild proportions were similar 
among land use groups (P > 0.05), however, seasonal variations were found between sampling 
periods.  Specifically, the proportion of nest spawners was significantly higher in spring 2008 
and 2009 compared to summer 2007 and 2008 (P < 0.01).  The opposite seasonal pattern was 
shown for brood hiders with significantly higher proportions in summer 2007 and 2008 
compared to spring 2008 and 2009 (P < 0.04). 
NMDS ordination based on fish species composition showed some overlap in ordination 
space between land use groups over all sampling periods (Figure 2.8).  However, two-way 
crossed ANOSIM indicated that fish community structure was significantly different between 
land use groups (Global R = 0.43, P = 0.001), but not between sampling periods (P = 0.10).  
Pair-wise tests found significant differences between all three land use groups (P < 0.002).  
Differences in fish communities were greatest between High Buffer – Low Agriculture and Low 
Buffer – High Agriculture streams (R = 0.42; P = 0.001), then Low Buffer – High Agriculture 
and High Buffer – High Agriculture streams (R = 0.33; P = 0.002), and lastly High Buffer – 
High Agriculture compared to High Buffer – Low Agriculture streams (R=0.30; P = 0.002).  A 
SIMPER analysis showed that higher relative abundances of central stoneroller and lower 
relative abundances of bluegill in Low Buffer – High Agriculture sites contributed 22% of the 
community differences.  Fish species with the greatest contribution to the average similarity of 
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streams within each land use group were bluegill (21%) and silverjaw minnow (14%) for High 
Buffer – Low Agriculture streams, creek chub (22%) and bluntnose minnow (15%) for High 
Buffer – High Agriculture streams, and bluntnose minnow (19%) and central stoneroller (17%) 
for Low Buffer – High Agriculture streams. 
 
Macroinvertebrate and Fish Community-Environmental Relationships  
The BIOENV analysis for macroinvertebrate assemblages failed the global test (ρ = 0.09, 
p = 0.89, n=999 permutations) indicating that there was no relationship between 
macroinvertebrate distributions and environmental patterns among streams.  In contrast, a subset 
of six environmental variables identified through the BIOENV matching procedure provided the 
highest rank correlation obtainable between the fish assemblage matrix and the matrix of 
environmental data (ρ = 0.393).  The six explanatory variables that best grouped the sites in a 
manner consistent with species abundances were chlorophyll-a, benthic organic matter, TP, 
nitrate-nitrogen, CV depth, and proportion gravel substrate.  BV-STEP analysis indicated that the 
BIOENV results were significant (p = 0.01, n=999 permutations).  The second best subset also 
had six variables with most of them the same, except temperature replaced CV depth.  The 
second subset yielded a similar correlation value at (ρ = 0.387) and was also significant (p = 
0.02, n=999 permutations).  
 
Discussion 
 
Current efforts to manage and restore stream ecosystems require a better understanding of 
how stream communities are influenced by riparian and watershed land use.  Our results suggest 
that riparian forest buffers had the strongest influence on differences in environmental 
characteristics among streams that affected fish assemblages more strongly than 
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macroinvertebrate taxa.  Despite a large range in watershed agriculture (48-79%) between the 
two High Buffer land use groups, streams with high levels of riparian forest had similar 
responses for many of the abiotic and biotic parameters.  Macroinvertebrate taxa and fish species 
richness and diversity were similar among land use groups, but there were differences in 
abundances and trophic structure related to the presence or absence of riparian forest buffers.  
Macroinvertebrate community NMDS showed no separation in land use groups and no 
correlation with environmental variables due to the dominance of Chironomidae and other 
tolerant taxa at all sites.  In contrast, fish community composition was different among land use 
groups and the assemblage matrix was highly correlated with environmental patterns that 
distinguished High Buffer from Low Buffer streams (e.g., difference in basal resource).   
Several environmental variables and basal resources showed consistent differences 
among land use groups over all sampling periods.  As predicted, streams with low percent 
riparian forest had higher maximum daily temperatures and greater algal productivity 
(chlorophyll a and periphyton biomass) due to the open canopy releasing algal growth from light 
limitation (Hill and Knight 1988).  In contrast, both land use groups with high riparian forest had 
greater benthic organic matter biomass due to higher allochthonous inputs.  Differences in basal 
resources are consistent with previous studies that have compared streams with closed and open 
canopies in pasture and cropland agricultural systems (e.g., Hicks 1997, Giling et al. 2009, Bunn 
et al. 1999, Hladyz et al. 2011).  However, unshaded streams can have similar algal biomass as 
shaded streams when affected by high levels of deforestation (Gothe et al. 2009) and 
sedimentation (Niyogi et al. 2007).  Low Buffer – High Agriculture streams also had higher 
nitrate-nitrogen and dissolved reactive phosphorous levels likely caused by lower amounts of 
riparian forest buffer in the watershed (Sweeney and Newbold 2014). 
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Higher macroinvertebrate and fish abundances were the most consistent response of both 
taxa to increased levels of watershed agriculture and decreased riparian forest buffer.  Total 
macroinvertebrate and fish abundance has been found to increase in streams where canopy cover 
has been reduced by riparian forest clearing from logging (Lorin and Kennedy 2009) and 
agriculture (Niyogi et al. 2007, Townsend et al. 2008, Crane et al. 2011) due to increased algal 
production as a response to elevated light, temperature, and nutrients (Hill and Knight 1988).  
Increased algal growth stimulates higher invertebrate abundance and growth rates (Niyogi et al. 
2007, Townsend et al. 2008) providing increased food resources for fish (Crane et al. 2011).  
However, thresholds have been found at which decreases in abundances occur because very high 
nutrient and light levels stimulate the growth of less edible forms of algae and may exceed 
environmental tolerances of organisms (Niyogi et al. 2007).  Assemblages in our High 
Agriculture – Low Buffer streams were dominated by highly tolerant species (e.g., chironomidae 
larvae and green sunfish) and herbivorous fish (e.g., central stonerollers) that were able to 
proliferate via increased algal biomass at the sites.   
Our results suggest both riparian and watershed land use influenced fish biotic integrity 
with the lowest IBI scores in streams with low riparian forest buffer, highest in streams with low 
watershed agriculture, and intermediate in streams with high buffer and high watershed 
agriculture.  Previous studies also found fish IBI scores to be indicative of changes in land use at 
multiple spatial scales, and point to their value in biological monitoring of landscape level 
stressors (Lammert and Allan 1999, Fizpatrick et al. 2001, Barker et al. 2006, Hrdoey et al. 
2009).  Land use in the buffer along the entire stream network has been identified as the most 
important factor for maintaining good IBI scores (Fizpatrick et al. 2001).  In addition, streams 
with 50-60% watershed agriculture have been shown to maintain relatively high IBI scores as 
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long as the stream network buffer contained less than 10% agriculture (Fitzpatrick et al. 2001).  
Although our low watershed agriculture sites (mean 51%) contained low levels of agriculture 
(mean 12%) in the riparian network buffer, only a few of these sites received “Good” IBI scores 
at individual sampling times with most scores classifying the streams as ““Good-Fair” or “Fair” 
(Karr et al. 1986).  The lower classifications of these streams reflect the negative impact of 
agriculture that typically begins to manifest in biota when watershed agriculture is at or above 
50% (Wang et al. 1997, Allan 2004).  Our IBI values are similar to those from agricultural 
streams in the Wabash River watershed that is located next to our study watershed (Hrdoey et al. 
2009).  Unlike our study, no differences in IBI scores were detected among the Wabash 
agricultural streams possibly due to lower levels or riparian forest at their sites compared to our 
streams (Hrodey et al. 2009).  We found a gradient in improved fish biotic integrity with 
increased riparian forest and decreased watershed agriculture that was likely the result of 
associated improvements in water chemistry and instream habitat among land use groups.  
Macroinvertebrate taxa and fish species richness and diversity were similar among 
streams, but patterns of fish trophic structure differed among land use groups with analogous 
trends in macroinvertebrate functional feeding groups.  Consistent with results from other 
agricultural systems (Karr and Chu 1999, Delong and Brusven 1998, Spoonseller et al. 2001, 
Roy et al. 2005), Low Buffer- High Agriculture streams had the greatest proportions of 
herbivorous fish (central stonerollers) and marginally more (P = 0.08) grazing 
macroinvertebrates (e.g., gastropods and Orthocladiinae) that are presumably taking advantage 
of higher algal biomass in those sites.  Contrary to the expected pattern, larger populations of 
central stoneroller were found in agricultural streams in Minnesota with wooded riparian zones 
compared to open coverage as a result of increased siltation in open sites (Stauffer et al. 2000).  
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The high abundance of herbivores along with high periphyton biomass suggests siltation and 
sedimentation did not reach stress threshold levels in our Low Buffer – High Agriculture streams 
(Niyogi et al. 2007).   
Although differences in the abundance of herbivores were associated with differences in 
riparian forest buffer, our results suggest variation in watershed agriculture is also important for 
trophic composition, particularly for top predators.  High Buffer – Low Agriculture streams had 
greater proportions of piscivores than the two high agriculture stream groups.  Largemouth bass 
were found in small numbers in high agricultural streams, but other less tolerant piscivore 
species (e.g., grass pickerel, bowfin, spotted bass) were only found in low agricultural streams.  
The presence of larger and more diverse populations of piscivore species in High Buffer – Low 
Agriculture sites suggests a healthier stream system since the proportion of top carnivores is an 
important metric in IBI calculations (Karr 1981, Karr et al. 1986).  Similarly, aquatic invertebrate 
predator abundance was generally higher in Low Agriculture than High Agriculture stream 
groups likely because they are more sensitive to pollutants than smaller, tolerant species such as 
chironomids and oligochaetes (Hilsenhoff 1988, Resh et al. 1995).   
In addition to water quality and basal energy differences, variation in trophic structure 
and fish assemblages may also be related to differences in instream habitat.  Although most 
hydrological characteristics (width, flow, average depth) were similar among land use groups, 
maximum depth and CV of depth were significantly greater in streams with high percent forest 
buffer.  Variances of depth and maximum depth have been found to be highly correlated with 
fish species composition, particularly for piscivores (Jungwirth 1995).  The greater maximum 
depth in High Buffer streams was due to riparian trees along the bank slowing water velocities 
and creating deeper pools in areas where dense roots systems or fallen trees occur (Lyons et al. 
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2000).  In addition to influencing channel morphology, fallen trees and large woody debris also 
create unique habitat features critical to fish and macroinvertebrate feeding, reproduction and 
survival (Talmage et al. 2002, Pusey and Arthington 2003).  In streams dominated by soft 
substrates, such as our study streams, large woody debris has been found to be an important 
refuge for macroinvertebrates (Hax and Golloday 1998) and fish (Pusey and Arthington 2003) 
following flow disturbances.  Woody debris, in the form of logs and other wooden structures, is 
often placed into streams to improve fisheries (Lyons et al. 2000) because it is an important 
determinant of growth rates for fish (Quist and Guy 2001) and may be used as cover for ambush 
predators (Pusey and Arthington 2003).  Thus, the increased maximum depth and habitat 
structure from root masses and woody debris may contribute to higher proportions of top 
predators in our study streams with the highest percent riparian forest.   
Macroinvertebrate community structure was not different among land use groups due to 
the dominance of Chironomidae taxa at all sites and commonality of other tolerant groups (e.g., 
oligochaetes and Hydropsychidae) that can proliferate in sandy substrates.  In contrast to our 
results, Zum-Berge et al. (2003) showed that higher levels of riparian forest (>50%) in a heavily 
farmed watershed resulted in lowered chironomid levels and improved macroinvertebrate 
communities compared to streams with deforested riparian zones (<10% forest).  However, 
several studies in watersheds with high levels of agriculture found no differences in 
macroinvertebrate richness or community composition in streams that varied in the amount of 
forest buffer (Richards et al. 1993, Nerbonne and Vondracek 2001, Crane et al. 2011) despite 
measureable improvement in water quality (e.g., lower nutrients) and instream habitat (e.g., 
lower sedimentation).  Lack of significant relationships were attributed to the low mobility of 
macroinvertebrates that make them more susceptible to anthropogenic disturbances in high 
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agricultural watersheds (Nerbonne and Vondracek 2001, Crane et al. 2011).  Other studies in 
agricultural catchments found that substrate characteristics were more important than instream 
cover, channel morphology, hydrology and riparian conditions in explaining variation in patterns 
of macroinvertebrate community composition (Richards et al. 1993, Lammert and Allan 1999, 
Hrodey et al. 2009).  However, after comparisons were limited to only sites within a sandy soil 
region no significant differences in macroinvertebrate community patterns were found due to low 
variation in substrate conditions among streams (Richards et al. 1993).  Although some variation 
in substrate size was present among our streams as indicated by proportion course gravel loading 
significantly on PC2, overall there was low substrate heterogeneity with sand comprising 66-
82% of the stream bed.  Our lack of relationship between macroinvertebrate community 
composition and land use may be the result of similar substrates dominated by sand in all 
streams.  
Unlike macroinvertebrate communities, fish community structure differed among all 
three land use groups.  Fish species that contributed the most to community differences included 
higher relative abundances of central stoneroller in Low Buffer – High Agriculture streams and 
higher relative abundance of bluegill in High Buffer – Low Agriculture streams.  SIMPER 
analysis indicated bluegill followed by silverjaw minnow contributed the most to the average 
similarity of streams among High Buffer – Low Agriculture.  Silverjaw minnows are 
insectivorous species common in low gradient sand-bottom streams in eastern Illinois with clear 
water (Smith 2002) and are classified as “intolerant” (Pirhalla 2004).  The relatively high 
contribution of silverjaw minnow to High Buffer – Low Agriculture streams are another 
indication of better biotic integrity at the sites.  In addition to central stoneroller, bluntnose 
minnow contributed to the average similarity of High Buffer – High Agriculture streams and 
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creek chub along with bluntnose minnow contributed the most to the average similarity of High 
Buffer –High Agriculture streams.  Bluntnose minnow and creek chub are omnivorous and 
habitat generalists that can tolerate disturbance, turbidity, and siltation (Smith 2002).  High 
proportions of these tolerant fish contributed to the lower biotic integrity in High Agriculture 
sites.  Patterns of assemblage structure among our land use groups were highly persistent across 
all sampling periods, further reinforcing the significance of the differences we observed. 
Fish communities were significantly correlated to environmental patterns among streams.  
BIOENV analysis indicated strong concordance between the fish assemblage matrix and the 
matrix of environmental data.  The six environmental variables (chlorophyll-a, benthic organic 
matter, total reactive phosphorus, nitrate-nitrogen, CV depth, and proportion gravel 
substrate/temperature)  that best grouped sites consistent with species abundances were the same 
variables the loaded significantly on PC1 when PCA was conducted solely to investigate 
environmental data.  Results indicate the environmental conditions that explained variance 
among land use groups were also important in explaining variance in fish assemblages among 
streams.  Significant differences in basal resources, nutrient levels, CV depth, and temperature 
among streams were due to variation in riparian forest buffer, such as higher chlorophyll a and 
nitrate-nitrogen in Low Buffer streams.  Alterations in water chemistry and canopy cover are 
both frequently recognized mechanisms by which riparian forest buffers influence fish 
assemblages (e.g., Fitzpatrick et al. 2001, Walters et al. 2009, Johnson and Ringler 2014).  Our 
results suggest fish communities were influenced by instream conditions that were strongly 
controlled by the amount of riparian forest buffer in the streams.    
Riparian buffers have been recommended as one of the most effective tools for mitigating 
agricultural pollution and improving aquatic ecosystems (Bernhardt et al. 2005, Mayer et al. 
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2014), but there has been considerable debate as to whether relatively narrow riparian areas can 
protect stream communities from large watershed scale agricultural disturbances.  Although 
some studies have found watershed wide land use more important than stream buffers for 
maintaining and restoring stream ecosystems (Richards et al. 1996; Stephenson and Morin 2009), 
our results support previous studies that have concluded land use within riparian buffers is the 
most important factor in controlling differences in agricultural streams (Lammert and Allan 
1999, Bunn and Davies 2000, Staufer et al. 2000, Spoonseller et al. 2001, Wilson and 
Xenopoulos 2008).  However, streams with the lowest percent watershed agriculture had the best 
fish IBI scores and the greatest proportion of top predators indicating that variation in the amount 
of watershed agriculture also influences stream biotic integrity and trophic structure.  The lower 
response of macroinvertebrate taxa to agricultural and urban land use alterations has been seen in 
other studies (Richards et al. 1993, Nerbonne and Vondracek 2001, Roy et al. 2005, Crane et al. 
2011, Kennen et al. 2012) because the increased mobility of fish make them more sensitive 
indicators of land use in the riparian buffer network and the entire watershed (Fitzpatrick et al. 
2001).  Taken together, our results suggest that headwater ecosystems are sensitive to 
agricultural impacts at both the riparian zone and watershed scale, but variation in riparian forest 
buffers has the greatest effect on stream communities.  Therefore, we recommend continued 
restoration of riparian forest buffers (through programs such as the USDA’s Conservation 
Reserve and Enhancement Program; NRC 2002) as an effective stream management strategy in 
areas of the Midwest modified by intensive agricultural land use.   
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CHAPTER 2: TABLES AND FIGURES 
 
Table 2.1. Results of principle components analysis of environmental variables from nine study 
streams sampled seasonally (5 sampling times per stream). Variable loadings with values >|0.25| 
in bold. 
 
                                    Principle Components 
Variable PC1 PC2 PC3 
Mean velocity 0.24 0.32 0.19 
CV velocity -0.24 -0.24 -0.06 
Mean depth 0.22 -0.16 0.22 
Maximum depth 0.15 0.07 -0.25 
CV depth 0.26 -0.14 -0.28 
Width-Depth ratio 0.11 0.18 -0.32 
Mean width 0.12 0.28 -0.39 
CV width -0.03 -0.41 -0.02 
Temperature -0.32 -0.17 0.08 
Dissolved oxygen 0.19 0.37 0.00 
Conductivity 0.09 0.07 0.23 
Total phosphorous -0.29 -0.02 -0.08 
Nitrate-N -0.11 0.43 0.14 
Chlorophyll a -0.26 0.18 0.04 
Periphyton AFDM -0.31 0.08 0.11 
Benthic organic matter 0.33 -0.15 -0.15 
Clay/Silt % -0.07 0.03 0.06 
Sand% 0.21 -0.09 0.37 
Gravel % -0.17 0.22 0.26 
Coarse gravel % -0.24 0.26 -0.09 
Cobble % -0.22 0.07 -0.38 
Bedrock % -0.21 0.08 -0.34 
    
Eigenvalue 6.22 3.42 2.16 
% Variation 27.1 17.1 10.8 
Cumulative % Variation 27.1 44.2 55.0 
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Table 2.2.  Physical and chemical characteristics of streams in the three land use groups (Mean 
(SE), n = 3 for each land use group). Streams categorized into distinct land use groups based on 
percentages of watershed agricultural land use and riparian forest buffer (30 m). Different letters 
indicate a significant difference between land use groups (P < 0.05) based on repeated-measures 
ANOVA models. 
 
    Land Use Group   
 
High Buffer High Buffer Low Buffer 
  Low Agriculture High Agriculture High Agriculture 
Watershed area (km2) 34.5 (4.5) 35.5 (3.5) 33.2 (1.2) 
Watershed riparian forest (30 m) % 81 (4) 77 (6) 19 (4) 
Watershed agricultural land use % 51 (2) 76 (2) 83 (4) 
Canopy cover % 90 (4)a 93 (5)a 33 (6)b 
Velocity (m/s) 0.17 (0.04) 0.12 (0.03) 0.11 (0.03) 
Coefficient of variation of velocity 147.3 (3.1) 132.4 (3.1) 97.3 (4.3) 
Wetted width (m) 5.3 (0.6) 5.1 (0.5) 4.7 (0.5) 
Coefficient of variation of width 37.6 (3.2) 35.7 (2.1) 30.1 (1.1) 
Depth (cm) 17 (2.3) 19 (2.8) 18 (2.6) 
Maximum depth (cm) 30 (3.6)a 27 (3.5)b 23 (3.8)b 
Coefficient of variation of depth 50.2 (1.4)a 42.7 (2.5)a 32.2 (1.1)b 
Temperature (oC) 21.6 (0.5) 21.1 (0.7) 22.4 (0.6) 
Daily Maximum Temperature (oC) 24.6 (0.8)a 24.1 (1.0)a 28.1 (0.9)b 
Nitrate-Nitrogen (mg/L) 0.45 (0.18)a 0.42 (0.19)a 2.51 (0.28)b 
Total Phosphorus (mg/L) 0.13 (0.04) 0.21 (0.05) 0.30 (0.05) 
Dissolved Reactive Phosphorus (mg/L) 0.04 (0.03)a 0.09 (0.06)ab 0.21 (0.09)b 
Chlorophyll a (µg/cm2) 0.72 (0.14)a 0.83 (0.13)a 5.54 (0.16)b 
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Table 2.3. Repeated-measures ANOVA models for the effect of land use type, sample period, 
and their interaction on basal resources, macroinvertebrate and fish assemblage metrics (n = 3 for 
each land use group, n = 5 for sample period). 
 
              Land Use  
 Land Use Sample Period X Sample Period 
Parameter F2,6 P   F4,24 P   F8,24 P 
 
Basal Resources 
           Benthic organic matter (g AFDM m-2) 107.86 <.001 
 
1.71 0.180 
 
1.06 0.424 
   Periphyton biomass (mg AFDM cm-2) 18.95 0.003 
 
1.79 0.163 
 
1.79 0.137 
         
Macroinvertebrates         
   Density (individuals/m2) 6.82 0.028 
 
4.62 0.006 
 
1.21 0.336 
   Taxa Richness 2.83 0.144  4.05 0.056  0.57 0.144 
   Diversity (Shannon) 2.49 0.163 
 
0.72 0.589 
 
1.10 0.405 
         Macroinvertebrates Feeding Group         
   % Scrapers 3.49 0.081  1.18 0.319  2.12 0.090 
   % Shredders 1.74 0.253  0.29 0.610  0.55 0.602 
   % Collector-filterer 1.01 0.418  0.50 0.507  0.77 0.503 
   % Collector-gatherer 0.61 0.574  1.27 0.302  1.46 0.305 
   % Predator 3.35 0.092  6.89 0.039  4.99 0.065 
         
Fish 
           Abundance (individuals/minute) 4.11 0.069 
 
1.69 0.185 
 
0.46 0.870 
   Biomass (g/m2) 2.03 0.212 
 
3.01 0.087 
 
2.02 0.088 
   Species Richness 0.79 0.497 
 
4.13 0.011 
 
1.86 0.114 
   Evenness 0.42 0.674  4.21 0.010  2.86 0.022 
   Diversity (Shannon) 0.33 0.729 
 
9.69 <.001 
 
3.63 0.007 
   IBI  4.75 0.042 
 
8.68 <.001 
 
1.55 0.194 
         Fish Trophic Group         
   % Herbivore-Detritivore 15.88 0.004 
 
2.25 0.094 
 
1.47 0.226 
   % Benthic Invertivore 0.10 0.908 
 
1.06 0.397 
 
0.37 0.924 
   % Water Column Invertivore 0.71 0.527 
 
0.40 0.804 
 
0.54 0.815 
   % General Invertivore 3.57 0.075 
 
2.20 0.100 
 
1.30 0.291 
   % Omnivore 1.36 0.326 
 
3.72 0.017 
 
0.71 0.683 
   % Piscivore 20.93 0.002 
 
5.64 0.002 
 
1.07 0.416 
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Figure 2.1.  Study site locations sampled in the Embarras River watershed in Illinois, USA.  
Streams categorized into distinct land use groups based on percentages of riparian forest buffer 
(30 m)  and watershed agricultural land use (see Figure 2.2). Triangles represent High-Buffer 
Low-Agricultural sites, squares represent High-Buffer High-Agricultural sites, and circles 
represent Low-Buffer High Agricultural stream sites. 
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Figure 2.2.  Relationship between percent watershed agriculture (Ag) and percent riparian forest 
(Buffer; 30 m buffer width) for study streams within the Embarras River Watershed.  Sites were 
divided into three land use groups. 
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Figure 2.3.  Principal component analysis of environmental variables (see Table 1.1) from the 
nine study streams, with samples identified by land use group.  Points represent individual 
sites/dates (5 sampling dates per stream). Study sites divided into three categories based on the 
percentages of riparian forest buffer (Buff) and watershed agricultural (Ag) land use. 
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Figure 2.4.  Mean + SE (A) benthic organic matter biomass and (B) periphyton biomass over all 
sampling periods (n = 5) for streams in each land use group (n = 3 streams per group).  Bars with 
different letters indicate a significant difference between land use types (P < 0.05) based on 
repeated measures ANOVA models (see Table 3).  
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Figure 2.5.  Mean + SE (A) macroinvertebrate density, (B) fish abundance and (C) fish biomass in 
High Buffer – Low Agriculture, High Buffer – High Agriculture, and Low Buffer – High Agriculture 
streams for spring (n = 2) and summer (n = 3) sampling periods (n = 3 streams per land use group).    
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Figure 2.6.  Mean + SE of fish index of biotic integrity (IBI) scores for each land use group (n = 
3) for all sampling periods combined (n = 5).  Bars with different letters indicate a significant 
difference between land use groups (P < 0.05) based on repeated-measures ANOVA models (see 
Table 3).  Fish IBI takes a multimetric approach with higher values indicating better water 
quality and improved ecological conditions (Karr 1981). 
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Figure 2.7.  Mean proportion of (A) macroinvertebrate functional feeding groups and (B) fish 
trophic guilds over all sampling periods (n = 5) for streams in each land use group (n = 3 streams 
per group).  C-gatherer = Collector-Gatherer; C-filterer = Collector-filterer; Gen Invertivore= 
General Invertivore; WC Invertivore=Water Column Invertivore; Ben Invertivore=Benthic 
Invertivore. 
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Figure 2.8.  Nonmetric multidimensional scaling (NMDS) ordination of (A) macroinvertebrate 
taxa and (B) fish species composition for the nine study streams (n = 3 per land use group) over 
all sampling periods (n = 5).  Final 2D stress = 0.11 and 0.17.  Study sites divided into three 
categories based on the percentages of riparian forest buffer (Buff) and watershed agricultural 
(Ag) land use.
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CHAPTER 3: RIPARIAN AND WATERSHED LAND USE ALTERS FOOD WEB 
STRUCTURE AND SHIFTS BASAL ENERGY IN AGRICULTURAL STREAMS 
 
Abstract 
We examined food web structure in headwater streams to determine the extent to which 
riparian buffers can mitigate the effects of agricultural land use on stream ecosystem function.  
Study sites were divided into three land use groups (forested, buffered, agricultural) based on the 
amount of riparian forest and row crop agriculture in the watershed.  Stable isotope analysis 
(δ13C and δ15N) was performed on basal energy sources and consumers (6 invertebrate groups 
and 7 fish species) with isotopic metrics used to assess variation in food web structure related to 
land use, instream environmental parameters, and food resources. Results suggest significant 
community-wide isotopic shifts occurred among streams in different land use groups.  All 
trophic diversity isotopic metrics were significantly greater in forested streams compared to 
agricultural streams, whereas buffered streams were generally intermediate.  Correlations 
between isotopic metrics and environmental variables (PC 1 axis loading) indicate that riparian 
forest buffers strongly influenced abiotic factors (e.g., nutrients and light) important to food web 
structure.  As predicted, periphyton and consumers were more δ15N-enriched in agricultural 
streams due to elevated nitrate levels linked to greater fertilizer runoff with low percent riparian 
buffers.  Agricultural streams had compressed food webs with high trophic redundancy 
indicative of a shared resource pool for all consumers.  In contrast, forested and buffered stream 
food webs showed larger trophic niche area due to greater utilization of detrital energy and 
increased variability in trophic position among invertebrates and fish.  Circular statistics revealed 
fish communities shifted to lower trophic position and increased dependence on periphyton 
production in agricultural streams compared to forested and buffered streams.  The presence of 
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riparian forests significantly increased the range in resources used by consumers, expanded 
trophic diversity, and elevated fish trophic position in buffered streams. Our results indicate that 
riparian forests have the ability to improve food web structure in streams impacted by cropland 
agriculture and provide further support for the restoration of buffer areas to moderate effects of 
agricultural land use.    
 
Introduction 
Agriculture has caused extensive landscape changes and is the leading cause of 
degradation to stream ecosystems in the United States (Malmqvist and Rundle 2002). Physical 
and chemical stream alterations from agricultural activities, such as channelization and nutrient 
pollution, may be linked to declines in species diversity, changes in community composition, and 
loss of ecosystem integrity (Allan 2004).  Forested riparian ‘buffers’, typically 30-50 meters 
wide alongside streams, can improve stream water quality in agricultural areas by reducing soil 
erosion and filtering runoff before it enters a stream (NRC 2002, Lovell and Sullivan 2006).  In 
addition, forested riparian zones can moderate stream water temperature through shading, supply 
important inputs of organic matter, and provide critical habitat that connects aquatic and 
terrestrial communities (Sweeney 1993, Naiman and Decamps 1997).  Although riparian forest 
buffers are promoted to improve both water quality and ecological integrity (Bernhardt et al. 
2005), there has been much debate as to whether protecting relatively narrow streamside area is 
sufficient to mitigate large-scale watershed agricultural disturbances.  Previous studies have 
reached conflicting conclusions and suggest that more research in needed to understand the 
extent to which riparian areas influence agricultural streams ecosystems (Marshall et al. 2008, 
Smiley et al. 2009, Hrodey et al. 2009, Feld 2013).         
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Functional measures that reflect ecosystem processes, such as productivity rates, are now 
being used in stream assessments to better understand the mechanisms by which human activities 
degrade aquatic ecosystems (Sandin and Solimini 2009, Woodward et al. 2012).  Assessments of 
stream ecosystem health have traditionally been conducted by measuring structural 
characteristics of biological assemblages, especially benthic macroinvertebrates and fish (e.g., 
IBI – Karr 1981).  Although patterns and abundances of aquatic organisms are important to 
biological integrity, changes in assemblages provide little quantitative information about 
alterations in ecosystem function (Bunn and Davies 2000, Gessner and Chauvet 2002).  
Measurements of ecosystem function may better recognize how ecological processes are affected 
by anthropogenic changes and, when combined with structural measures, provide a more 
complete assessment of stream condition (Hladyz et al. 2011b, Woodward et al. 2012).  Most 
functional studies have focused on ecological processes at the base of the food web such as leaf 
litter decomposition (e.g., Gessner and Chauvet 2002) and stream ecosystem metabolism (e.g., 
Fellows et al. 2006).  However, ecosystem properties can be strongly influenced by overall food 
web structure (Thebault and Loreau 2003), especially in aquatic ecosystems where higher trophic 
levels can exert strong top-down effects (Carpenter et al. 1985, Nakano et al.1999, Woodward et 
al. 2008).  Thus, examining food web structure provides an integrated measure of stream health 
by combining interactions among trophic levels with ecological processes that control basal 
resources and nutrient cycling. 
Stable isotope analysis measures variation in food web structure and has been used to test 
ecological theories of ecosystem function related to trophic dynamics (e.g., Layman et al. 
2007a).  Recently, stable isotope analysis (δ13C and δ15N) has been recommended as a valuable 
addition to traditional measurements in stream health assessments (Anderson and Cabana 2005, 
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Hogsden and Harding 2014).  Stable nitrogen isotopes have been used to track anthropogenic N 
loads to aquatic ecosystems (Anderson and Cabana 2005) and carbon isotopes used to infer 
human-induced changes in organic matter utilization in stream food webs (England and 
Rosemond 2004).  Stable isotopes are particularly useful in studying aquatic ecosystems because 
δ13C signatures of terrestrial plants are generally different than δ13C signatures of aquatic 
primary producers (Peterson and Fry 1987).  Since δ13C of consumers closely match their dietary 
source, stable isotope analysis can be used to distinguish and/or trace allochthonous and 
autochthonous C sources in aquatic ecosystems (Finlay 2001, Post 2002).  Nitrogen isotope 
ratios are useful estimators of trophic position because δ15N increases predictably (about 3.4‰) 
with each trophic step (Post 2002).  Therefore, inferences about a consumer’s diet and trophic 
position can be made by comparing its isotopic ratios (δ13C and δ15N) with those of other species 
in its food web (Peterson and Fry 1987).  
Because changes in riparian forest and agricultural land use are predicted to change basal 
C sources and may alter consumer trophic position, stable isotope analysis provides a powerful 
tool to detect changes in food web structure in agricultural headwater streams.  Removal of 
riparian vegetation may have the greatest impact on headwater streams because allochthonous 
detrital inputs from the riparian zone regularly fuel their food webs (Vannote et al. 1980, 
Wallace et al. 1995).  Increased light levels due to open canopy along with higher nutrient inputs 
from agriculture may increase algal productivity and can shift the system toward an 
autochthonous resource base (Wiley et al. 1990).  These changes in basal energy sources may 
fundamentally alter food webs in agricultural streams (Hladyz et al. 2011b).  Most research in 
this area has focused on comparisons of forested versus pasture streams (Hicks 1997, Hladyz et 
al. 2011b) or streams affected by deforestation due to logging (England and Rosemond 2004, 
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Gothe et al. 2009).  Surprisingly, few studies have investigated the influence of cropland 
agricultural land use on headwater food webs.  Since 20% of the total U.S. and over 76% of 
many Midwestern states are covered in cropland (USDA 2001), a substantial portion of streams 
have been overlooked. 
Although positive correlations between the amount of watershed agriculture and δ15N 
values of periphyton and aquatic consumers have been recognized (Harrington et al. 1998, 
Anderson and Cabana 2005, Bergfur et al. 2009, Diebel and Vander Zanden 2009), very limited 
research has been directed at detecting community shifts in C sources or alterations in food web 
structure in row crop agricultural streams.  Bergfur et al. (2009) found no changes in δ13C 
signatures of basal energy sources, invertebrates and fish in boreal streams with increasing 
agricultural nutrient enrichment.  Similar results were reported in a study that sampled urban, 
forested, and agricultural streams and found no differences in δ13C and δ15N signatures of basal 
resources or primary consumers (Milanovich et al. 2014).  In contrast, food web changes in 
pasture streams have been shown with invertebrates in unshaded streams utilizing more 
autochthonous C sources than in forested streams (Hicks 1997, Hladyz 2011a).  These changes in 
primary consumers δ13C related to closed and open canopies have rarely been traced to higher 
trophic levels such as fishes (but see England and Rosemond 2004).  The lack of evidence of C 
shifts in cropland agricultural streams may be the result of previous studies not specifically 
selecting sites with varying amounts of riparian forest or canopy cover.  
 We used stable isotope analysis to investigate food web structure in nine headwater 
streams that varied in the amount of riparian forest and row crop agriculture in the watershed. 
Our objectives were to assess the effects of agricultural land use on stream food webs and 
determine whether changes in riparian forest buffer lead to shifts in basal resources or consumer 
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trophic position.  Sampling was conducting in spring and summer because seasonal variability in 
basal resources and terrestrial inputs has been shown to influence stream food webs (Lau et al. 
2009, Dekar et al. 2009, Woodland et al. 2012).  To compare food web structure among streams, 
we used quantitative isotopic metrics that are based on the relative position and spacing of 
consumer taxa in isotopic space (Layman et al. 2007a, Schmidt el al. 2007, Jackson et al. 2011).  
These metrics allow for hypotheses testing regarding trophic diversity, food chain length, food 
web niche size, and community-wide shifts in basal energy sources or trophic position (Layman 
et al. 2012).  We hypothesized that agricultural streams with riparian forest buffers would have 
higher trophic diversity and larger trophic niche because of greater variability in basal resource 
use.  We also predicted streams with the lowest watershed agriculture would have the longest 
food chain lengths and highest fish trophic positions as a result of greater allochthonous inputs. 
Conversely, we hypothesized that communities in agricultural streams with low riparian forest 
would have the lowest trophic diversity with a shift toward increased reliance on autochthonous 
resources, due to higher instream productivity and lower allochthonous resources.  Finally, we 
predicted that periphyton and consumers in agricultural streams would have enriched δ15N 
signatures in response to elevated nutrient levels. 
 
Methods 
Study Area 
The study was conducted in nine headwater streams (2nd or 3rd order) located in the 
Embarras River Watershed in east-central Illinois.  Streams in the watershed are low-gradient 
with sand as the primary substrate.  Land use within the watershed is dominated by row crop 
(mostly corn and soybean) agriculture (73.5%) with low amounts of urban development (<1%).  
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Individual sites were selected by calculating proportions of agriculture and forest in the riparian 
zone (land use within 30 m of the stream) and the whole watershed (the entire area upstream of 
each site) using ArcView GIS 9.1 (ESRI 2005).  See Chapter 2 for more details on GIS methods.  
Study sites were selected to have similar channel width and watershed area (27-39 km2) to 
minimize differences among streams unrelated to land use. 
The nine sites were equally divided into three distinct land use groups that cover the 
available range of riparian forest and agricultural land use in the watershed (Figure 3.1).  Streams 
sites in watersheds with the highest percent forest (>48%) and the lowest percent agriculture 
(<51%) were placed in the ‘Forested’ land use group.  The Forested sites were not considered 
reference forested streams because agriculture is a dominant land use; however, these sites were 
expected to have the lowest impact from agriculture in the entire watershed.  Forested streams 
also had high percent riparian forest buffer (Figure 3.1).  Stream sites in watersheds with the 
highest percent agriculture and the lowest percent riparian forest were placed in the 
“Agricultural” land use group, whereas sites with high percent agriculture and high percent 
riparian forest were placed in the “Buffered” land use group (Figure 3.1).  The study design 
created differences in basal resource availability among streams (e.g. more terrestrial inputs with 
greater % riparian forests) along with variation in the amount of agriculture to assess a range of 
potential influences on food webs. 
 
Environmental and community assessments 
At each of the nine sites, a representative 100 meter reach was selected to include two 
riffle-pool sequences.  At each sampling period, habitat and hydrology measurements (e.g., 
substrate and depth), water quality parameters (e.g., dissolved oxygen and pH), and water 
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nutrient concentrations (e.g., nitrate-N and total phosphorus) were determined according to 
standard methods (APHA 2005).  Basal energy resource availability was determined by 
quantitatively sampling benthic particulate organic matter using sediment cores (Delong and 
Brusven 1993) and collecting periphyton using the inverted petri dish method for sampling 
epipsammic habitats (Moulton et al. 2002).  Benthic macroinvertebrates were sampled in riffles 
using a Hess sampler (5 samples per site/date) for quantitative density estimates and also 
collected in all microhabitats using a kicknet followed methods described in Barbour and 
Stribling (2006).  Fish populations were sampled over the 100 m reach using a Smith-Root 
backpack electrofishing unit.  Block seines were placed at the ends of the reach to prevent fish 
movement out of the site.  
 
Food web sample collection 
During spring and summer 2009, we collected conditioned leaves (and other coarse 
particulate organic matter), periphyton, macroinvertebrates, and fish over the 100 m study reach 
in each stream for stable isotope analysis.  Five replicate samples of organic matter and 
consumers were collected at each sampling event whenever possible.  All samples were placed 
on ice in the field and frozen upon return to the lab.  Spring sampling was conducted from the 
end of May to the first two weeks of June as heavy rains in April and May 2009 delayed 
sampling. Summer sampling occurred in August 2009, with at least two months between 
“spring” and “summer” sampling dates for each site.  Carbon half-lives for small growing fish 
range from 1 to 2 months and nitrogen half-lives vary between 1 and 3 months (Tarboush et al. 
2006, Weidel et al. 2011).  Half-lives are shorter for small aquatic invertebrates with shifts in 
stable isotope signatures measureable within weeks of diet changes (McIntyre and Flecker 2006, 
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Dubois et al. 2007).  Although weather patterns dictated the spacing of seasonal sampling less 
than 3 months apart, we believe the 2 month time period was adequate for the stable isotope 
composition of consumers in the study streams to reflect any seasonal changes in diet.  
Course particulate organic matter (CPOM) was collected by hand at 5 locations 
distributed across the reach.  Samples were gently rinsed through a 1 mm sieve to remove 
invertebrates and sediment.  Periphyton was collected from unglazed ceramic tiles affixed to 
cement blocks placed in each stream 4 weeks prior to sampling.  Tiles were used because sand is 
the dominant substrate in all streams and most sites lacked rocks large enough to adequately 
sample periphyton for isotopic analyses.  Two blocks containing multiple tiles were placed in run 
habitat below two riffles at each site.  Because water velocity has been shown to influence 
periphyton isotopic signatures (Finlay et al. 1999), stream flow was measured at each block in an 
effort to minimize differences among sites that would be related to channel placement.  When 
present, filamentous algae was collected from attached substrates and rinsed following CPOM 
methods.   
Invertebrates were sampled from all available stream habitats (i.e., riffles, pools, debris 
dams) using a kicknet to collect dislodged material after disturbing the substrate.  Organisms 
were live sorted and identified to family or subfamily in the field.  Macroinvertebrates were 
combined by functional feeding group into plastic bags containing stream water and kept 
overnight (minimum of 8 hours) to allow voiding of digestive tracts to eliminate contamination 
by unassimilated material.  Organisms were then rinsed with distilled water and frozen.  Crayfish 
were frozen immediately upon return to the lab.  Fish were collected across the entire 100 m 
reach with a backpack electrofisher with targeted sampling of 5-10 individuals of the most 
abundant species.     
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Laboratory processing 
CPOM, periphyton tiles and filamentous algae samples were carefully examined under a 
dissecting microscope to remove invertebrates and debris before processing for isotopic analysis.  
Periphyton was scrubbed off tiles, rinsed with distilled water, and then filtered through pre-
combusted Whatman CF/C glass fibre filters.  Samples were placed in a drying oven at 60o C for 
24 hours.  Periphyton filters and filamentous algae were then weighed into silver capsules and 
placed in a desiccator for acid fumigation to remove inorganic C that may have been deposited 
from the stream bed (Harris et al. 2001).  Dried CPOM was shredded, ground and then weighed 
into tin capsules. 
Abundant invertebrate taxa and fish species that were common at all sites were used for 
food web analysis.  Fish species and invertebrate groups were selected to include a range in 
trophic levels and functional feeding groups (see Table 3.1).  Fish and crayfish were weighed 
and total length measured.  Individual fish were selected to fall within a similar size range for 
each species for all sites.  Dorsal muscle was removed from 1- 5 individuals of each fish species 
(mean = 4) from each site/season. Tail muscle was removed from 3-5 crayfish per site/season.  
Macroinvertebrates from three functional feeding groups (scrapers, collector-gatherers, 
predators) were collected from each site with an average of 2 taxa per group for each site/season.  
Single individuals were used for the large predatory odonates, whereas 10 - 25 individuals of the 
same taxonomic group for most macroinvertebrates were combined to achieve sufficient mass.  
Gastropod shells were removed and soft tissues combined for their composite sample.  
Invertebrate and fish samples were prepared for isotopic analysis by oven drying at 60o C for 48 
hours and then ground to a fine powder with mortar and pestle.  The homogenized samples were 
weighed into tin capsules.   
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Prepared samples were sent to the UC Davis Stable Isotope Facility for analysis of 13C 
and 15N isotopes using a PDZ Europa ANCA-GSL elemental analyzer interfaced to a PDZ 
Europa 20-20 isotope ratio mass spectrometer (Sercon Ltd., Cheshire, UK).  Results are 
expressed in delta (δ) notation and measured as parts permil (‰) relative to international 
standard material, Vienna Pee Dee Belemnite limestone for carbon and ambient air for nitrogen.  
Isotopic ratios are calculated following: δ13C or δ15N = [(Rsample/Rstandard) – 1] x 1000; where 
R=13C/12C or 15N/14N. Measurement precision was determined by standard deviations from 
internal laboratory standards, with mean standard deviations of 0.05‰ for δ13C and 0.16‰ for 
δ15N.  Approximately one in every 25 samples was analyzed in duplicate.  Replicate samples of 
fish tissue from the same individual (a creek chub) were also analyzed in each sample set to test 
for variation between runs (Jardine and Cunjak 2005).  The standard deviation of the duplicate 
and replicate samples was 0.08‰ for δ13C and 0.11‰ for δ15N.  Prior to data analysis, we 
corrected for lipid effects on δ13C signatures following equations in Post et al. (2007) using % 
carbon for basal sources or C:N ratios for consumers. 
 
Data analysis 
Principal component analyses (PCA) were performed on the environmental variables 
using PRIMER V5.2.7 (Plymouth Marine Laboratories) to reduce the dimensionality of the data 
and identify patterns among streams within land use groups.  Data transformations were applied 
to approximate normality or to improve variance homogeneity before analysis (Clarke and 
Warwick 2001).  After transformations, all data were normalized before PCA so variables 
measured in different units would have comparable, dimensionless scales (Clarke and Warwick 
2001). Principle components with eigenvalues >2 and environmental variable loadings >|0.25| 
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were considered important in structuring variation among streams (Jackson 1993).  Two-way 
crossed analysis of similarity (ANOSIM) based on PCA normalized data was used to test for 
differences among streams in different land use groups and seasons (Clarke 1993).  
Environmental variables found to be the most significant in explaining variation among sites, 
according to PCA results, were selected for further analyses.  Differences in select environmental 
characteristics, basal resources, macroinvertebrate density, and fish abundance/biomass were 
analyzed with repeated-measures analysis of variance (ANOVA) using PROC MIXED (SAS 
Institute Inc. 2012) with land use group as a fixed variable and season as repeated variable.  
When a significant effect of land use type or season was found, pairwise comparisons were made 
using Tukey post hoc multiple comparison tests.    
 
Food web analysis 
Analysis of δ13C was used to infer differences in organic matter flow and δ15N was used 
to infer trophic relationships among organic matter and consumers.  ANOVA was used to 
determine if periphyton and CPOM had distinct isotopic signatures (Peterson and Fry 1987).  
The relative trophic position (TP) of consumers was calculated to determine possible changes in 
trophic structure related to land use and season.  Because basal energy sources can show high 
temporal variability, TP was calculated relative to a ubiquitous primary consumer (Cabana and 
Rasmussen 1996). Chironominae larvae were used as our baseline δ15N because they were the 
most abundant primary consumer at all sites and grazing taxa were not found in all sites/seasons. 
Using a single common taxa as a baseline instead of the mean δ15N values of all primary 
consumers reduces the bias caused by high variability among different taxa (Anderson and 
Cabana 2007).  Chrinomid larvae generally had the lowest δ15N of all primary consumers and 
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little differences were found between chironomids and grazers at sites where they were both 
present (mean difference δ15N = 0.4‰).  In addition, preliminary gut content analysis found 
chironomids to be a common diet item in most fish species. TP was calculated using the 
equation: TPconsumer  = [(δ15Nconsumer  - δ15Nbaseline)/3.4] + 2, where δ15Nconsumer  is the δ15N of the 
taxa for which the TP is estimated, δ15Nbaseline is the baseline δ15N, 3.4 is the typical δ15N 
fractionation per trophic level (Minagawa and Wada 1984) and 2 is the expected trophic position 
of the baseline (Cabana and Rasmussen 1996).  Differences in fish TP among species, land use 
groups, and seasons were examined using repeated measures and two-way ANOVAs.  Replicate 
samples of each species were pooled for each sampling event and the means were used to test for 
differences among factors.   
 To compare food web structure among land use groups, we used the community-wide 
metrics proposed by Layman et al. (2007a) and an ellipse-based metric of the stable isotope data 
(Jackson et al. 2011).  Both metrics are based on geometric calculations of the δ13C and δ15N bi-
plot space, referred to as isotopic niche space.  The range in δ13C of possible basal resources 
needs to be similar to be able to use these metrics to compare between sites or seasons (Layman 
and Post 2008).  We used baseline corrected trophic position instead of absolute δ15N values in 
our bivariate plots to allow comparison between sites with different basal signatures (Layman et 
al. 2012).  Only fish and invertebrate isotopic signatures were considered in these analyses 
because basal signatures have higher variability in space and time than consumers (Post et al. 
2002, Layman et al. 2007a, Jackson et al. 2011).  
Six community-wide metrics were used that reflect different measurements of food web 
structure (Layman et al. 2007a).  The isotopic metrics that provide information on trophic 
diversity and redundancy included: δ15N range (NR), δ13C range (CR), total area (TA), mean 
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distance to centroid (CD), mean nearest neighbor distance (MNND), and standard deviation of 
nearest neighbor distance (SDNND).  NR represents vertical food web structure (i.e., food chain 
length).  CR provides information on the diversification of basal resources used by consumers. 
TA is the total convex hull area encompassing all species in bi-plot space and represents the total 
isotopic niche space of the food web. CD is the average Euclidian distance of each community 
component to the centroid, giving a measure of the average degree of trophic diversity within the 
food web.  MNND and SDNND are calculated from the spacing of species relative to each other 
with smaller values indicating more similar and more even distribution of trophic niches. 
         In addition to TA, the total isotopic niche space was quantified for each site and season 
based on standard ellipse areas (SEA) calculated using a Bayesian approach (Jackson et al. 
2011).  A standard ellipse is comparable to the standard deviation for univariate data (Batschelet 
1981).  Bayesian SEAs include sampling error of estimates of the means of different community 
components with appropriate corrections possible for small samples sizes (< 10 individuals per 
taxa) that is insensitive to the influence of outliers and differences in sample sizes thereby 
overcoming criticism of previous approaches when used to compare studies or sites with 
different communities (Jackson et al. 2011).  We used community-wide metrics and SEAs as 
complementary methods that may reveal different underlining aspects of trophic structure 
(Layman et al. 2012).  All community-wide metrics and SEAs were calculated using the SIAR 
package (Jackson et al. 2011) in the R computing program (R Development Core Team 2012). 
Data were tested for normality prior to analysis (Shapiro-Wilk test, SAS).  Differences in 
isotopic niche width among land use groups and seasons were determined by comparing sizes 
and overlap of the SEAc (corrected for small sample-size) for each site/season.  Community-
wide metrics were compared using repeated measures ANOVA with Tukey post hoc tests.  If 
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significant land use x season interactions were found, we examined the interaction with planned 
Tukey comparisons between land use groups for each season.  Finally, Pearson correlations 
between PCA factor scores and each metric were performed to test for relationships with 
composited environmental variables in each site. 
We used circular statistics (Schmidt el al. 2007) to quantify basal energy or trophic shifts 
in fish stable isotope signatures by assessing directional changes between each land use group 
and season.  Only fish were used in directional tests because macroinvertebrate taxa varied 
between sites and seasons.  Sites were pooled by land use group with isotopic means calculated 
for each fish species.  Similar to the metrics analysis, we used baseline corrected trophic position 
for δ15N values instead of raw δ15N for comparison among sites.  Vectors were calculated from 
shifts in isotopic signatures by comparing the x-y coordinates for each species in one land use 
group or season to another (only pairwise comparisons can be made).  The length of each vector 
represents the distance the species moved in isotopic niche space, whereas the angle of the vector 
represents the directionality of that shift.  Arrow diagrams were created by plotting the mean 
vector and angle of change to visualize the direction and magnitude of community shifts. 
Rayleigh’s test for circular uniformity was used to determine whether the distribution of vectors 
from all species was significantly different from uniform (Batschelet 1981).  Circular statistics 
and arrow diagrams were calculated using Oriana 2.0 (Kovach 2006). 
 
Results 
Environmental and resource assessment 
 Principal Component Analyses (PCA) identified physical and chemical patterns among 
sites that varied by land use group.  The first four PCA axes met our criteria for inclusion and 
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cumulatively explained 74.4% of the environmental variation among streams (Table 3.2).  The 
first PC axis represented differences in basal energy sources, percent canopy cover, maximum 
depth, temperature, total phosphorous, and substrate composition (sand vs. coarse gravel).  The 
second PC axis was related to dimensions of depth and width, nitrate-nitrogen, and substrate (silt 
vs. gravel).  The third PC axis was associated with hydrologic variables (mean velocity, mean 
width, width-depth ratio) and measurements of water quality (dissolved oxygen and nitrate-
nitrogen).   
Comparison of PC1 and PC2 revealed segregation of sites by land use group along axis 1 
(Figure 3.2).  Agricultural streams were associated with greater periphyton biomass, higher 
phosphorus concentrations, warmer water temperatures and more coarse gravel substrate.  In 
contrast, forested streams were associated with greater canopy cover, higher amounts of benthic 
organic matter, greater maximum depth, and more sandy substrates.  Buffered streams were 
intermediate between the other two land use groups.  Two-way crossed ANOSIM indicated that 
environmental conditions were significantly different among land use groups (R = 0.56, P = 
0.001), but not seasons (R = 0.25, P = 0.06).  Pairwise comparisons showed that environmental 
variables in agricultural streams were significantly different from forested (R = 0.98, P = 0.001) 
and buffered streams (R = 0.56, P = 0.01), whereas forested and buffered streams were not 
significantly different (R = 0.37, P = 0.08).  Because PC1 and PC2 accounted for only 49.4% of 
variation in environmental characteristics, additional analyses were necessary to support any 
inferences made from PCA and ANISOM results. 
Repeated measures ANOVA models showed agricultural streams had significantly higher 
chlorophyll a, periphyton biomass, and maximum daily temperature than forested and buffered 
streams due to lower canopy cover (P < 0.05, Table 3.3).  Conversely, forested and buffered 
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streams had significantly higher CPOM than agricultural streams (P < 0.05, Table 3.3) due to 
greater riparian forest and high canopy cover. Agricultural streams had significantly higher 
nitrate-nitrogen concentrations than forested and buffered streams, and significantly higher 
dissolved reactive phosphorous concentrations than forested streams (P < 0.05, Table 3.3).  
Despite all hydrological variables loading significantly on one of the first three PCA axes, only 
maximum depth was significantly different among land use groups (Table 3.3).  Forested streams 
had significantly deeper pools than agricultural streams (P = 0.03) but did not differ in maximum 
depth from buffered streams (P = 0.66).   
 
Macroinvertebrate and fish community assessment 
 Macroinvertebrate and fish communities differed among land use groups, but not 
seasons.  Although there were no significant differences in species richness or diversity, overall 
abundances of macroinvertebrates (ANOVA, F2,6 = 6.22, P = 0.01) and fish (ANOVA , F2,6= 
3.93, P = 0.04) differed among land use group.  Agricultural streams had significantly greater 
density of macroinvertebrates (Tukey, P = 0.01) and relative abundance of fish (Tukey, P = 0.04) 
than forested streams.  Buffered streams had intermediate levels of abundances that were not 
significantly different from the other groups.  Macroinvertebrate functional feeding groups were 
not significantly different; however, fish trophic structure differed among land use groups.  
Forested streams had significantly greater proportions of piscivores than buffered (Tukey, P = 
0.01) and agricultural streams (P = 0.002).  In contrast, agricultural streams had significantly 
greater proportions of herbivore-detritivores than forested (P = 0.001) and buffered streams (P = 
0.007).   
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Stable isotope analysis 
Periphyton and CPOM isotopic signatures were distinct at all sites and during all seasons 
(Figure 3.3 and 3.4).  Periphyton δ13C ranged from -26.37‰ to -21.37‰ and CPOM δ13C ranged 
from -28.26‰ to -30.84‰.  Because periphyton δ13C values had higher variance than CPOM, a 
Kruskal-Wallis Test on ranks was performed to test for differences between basal δ13C sources.  
Periphyton δ13C (mean = -24.47‰) was significantly different and more enriched than CPOM 
δ13C (mean = -29.56‰) in all land use groups and seasons (P < 0.001).  CPOM δ13C values were 
consistent with allochthonous resources of terrestrial origin (Peterson and Fry 1987).  Periphyton 
δ15N was also significantly more enriched than CPOM δ15N (P < 0.001).  No significant 
differences in CPOM isotopic signatures were found among land use groups or seasons 
(ANOVA, P > 0.05).  Periphyton δ13C did not vary among land use groups (ANOVA, P = 0.24), 
however periphyton δ15N was significantly more enriched in agricultural streams compared to 
forested (Tukey, P = 0.02) and buffered sites (P = 0.04).  Periphyton δ15N was also more 
enriched in summer compared to spring (Tukey, P = 0.006).  In sites where it was found, 
(agricultural streams and buffered site 2) filamentous algae δ13C (mean = -33.06) was 
significantly more depleted than CPOM or periphyton (P < 0.001, Figure 3.3 and 3.4).   
Most invertebrate and fish δ13C values fell within the range of basal energy sources 
(Figure 3.3 and 3.4) after accounting for 1‰ trophic fractionation (Post 2002).  Exceptions were 
Hydropsychidae and Ephemeroptera larvae in forested site 1 in spring and Hydropsychidae in  
buffered site 3 in summer, both were more δ13C depleted than CPOM (Figure 3.3 and 3.4). 
Hydropsychids also had the greatest δ13C and δ15N variability among sites and land use groups, 
which is indicative of an ominivoous collector-gather.  In contrast, chironomid larvae (i.e., 
baseline taxa) were often the most δ15N depleted primary consumer and did not significantly 
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differ from grazer δ15N signatures in all streams and seasons (P < 0.05).  As expected, crayfish 
and odonates were the most δ15N enriched invertebrates reflecting their consumption of animal 
matter, and fish were the most δ15N enriched of all consumers (Figure 3.3 and 3.4).  All seven 
fish species were collected at each site and during each season, except no largemouth bass were 
found during spring sampling for agricultural site 3.  Largemouth bass δ15N values and trophic 
position estimates for all sites/seasons were similar to other invertivore fish species.  Since 
largemouth bass were all small juveniles (< 90 mm, mean = 60 mm) they were unlikely to have 
switched to piscivory.    
Fish trophic position varied significantly among species (Figure 3.3 and 3.4) in spring 
(F6,36 = 14.47, P < 0.001) and summer (F6,36 = 20.67, P < 0.001).  Central stoneroller, an 
herbivore/detritivore, and creek chub, an omnivore, had significantly lower mean trophic 
position than all other fish species in spring and summer (P < 0.03), with creek chub also 
significantly lower than central stoneroller in the summer (P = 0.04).  In contrast, orangethroat 
darters, a benthic invertivore, had significantly higher mean trophic position than all other fish 
species in spring and summer (P < 0.05), except orangethroat darter and largemouth bass trophic 
position did not differ in the summer (P = 0.36).  No significant differences were found among 
the other invertivore fish species (P > 0.05).   
 
Isotopic metrics and SEA 
 Community-wide metrics revealed differences in isotopic niche space among streams in 
different land use groups (Figure 3.5).  All trophic diversity isotopic metrics varied significantly 
among land use groups and seasons (P < 0.05), however significant interactions between land use 
group and season precluded interpretation of main effects (Table 3.4).  Pairwise comparisons 
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indicated that all trophic diversity metrics were significantly greater in forested compared to 
agricultural streams in both spring and summer (Tukey, P < 0.05).  Forested streams had food 
webs with higher trophic diversity than agricultural sites that included more diverse carbon 
sources and longer trophic lengths.  Buffered stream metrics were generally intermediate (Figure 
3.5).  The significant interactions were the result of seasonal variation in the relationship between 
buffered streams and the other land use groups.   
Total trophic area (TA) was significantly larger in forested than agricultural streams in 
spring and summer (Tukey, P < 0.006).  Buffered streams TA were similar to forested in spring 
but intermediate in summer (Figure 3.5).  δ13C range (CR) was significantly larger in forested 
than agricultural streams in both spring and summer (Tukey, P < 0.01).  Buffered streams CR 
were intermediate in spring but similar to forested in summer (Figure 3.5).  δ15N range (NR) was 
significantly larger in forested compared to agricultural streams in spring and summer (Tukey, P 
< 0.006).  Buffered streams NR were similar to forested streams in the spring, but similar to 
agricultural streams in summer (Figure 3.5).  Mean distance to centroid (CD) was significantly 
larger in forested and buffered streams compared to agricultural streams in spring and summer 
(Tukey, P < 0.05).  Forested streams had larger TA, CR, and CD in spring compared to summer 
(Tukey, P < 0.02), whereas buffered and agricultural streams did not significantly differ 
seasonally in those measurements.  NR only varied seasonally in buffered streams with a larger 
range in spring compared to summer (P = 0.01).   
 Community-wide metrics that measure trophic redundancy differed among land use 
groups and season with no significant interactions (Table 3.4).  Mean nearest neighbor distance 
(MNND) and nearest neighbor distance (SDNND) were significantly lower in agricultural 
streams compared to forested and buffered streams (Tukey, all P < 0.05), indicating higher 
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trophic redundancy in agricultural streams.  MNND was also significantly lower in summer 
compared to spring (Tukey, P = 0.02), whereas SDNND did not differ among seasons.  Pearson 
correlations between community-wide metrics and PCA factors revealed strong relationships 
with environmental variables.  All metrics had significant positive correlations with PC 1 axis 
loadings: TA (r = 0.79, P < 0.0001), NR (r = 0.58, P = 0.01), CR (r = 0.85, P < 0.0001), CD (r = 
0.89, P < 0.0001), MNND (r = 0.78, P = 0.0002), SDNND (r = 0.61, P = 0.007).  No significant 
correlations were found between isotopic metrics and PC 2 or PC 3 axis factor loadings.   
 Bayesian standard ellipse areas (SEA) based on invertebrate and fish isotopes for each 
land use group varied in size and shape (Figure 3.6).  Differences in SEAc overlap reveal 
variation in isotopic niche space among land use groups and seasons.  Overlap between forested 
and buffered sites was very high in spring (up to 95%), but much lower in summer (range 37 – 
45%) due to a seasonal change in NR in buffered sites (Figure 3.6).  SEAc overlap between 
forested and agricultural sites was low in both seasons with 0% overlap between forested sites 
and 2 of the agricultural sites (Figure 3.6).  SEAc overlap between buffered and agricultural site 
was also low in both seasons (range 0 – 22%, Figure 3.6). 
In spring, 100% of posterior SEAc from all forested streams were larger than all 
agricultural streams (Figure 3.7A).  All forested streams SEAc were also larger than buffered site 
1 (likelihood 99%) and buffered site 2 (Figure 3.7A, likelihood 98%).  SEAc size did not differ 
among forested streams and buffered site 3 (Figure 3.7A).  All buffered sites SEAc were larger 
than agricultural sites 2 and 3 (likelihood 99%), however only buffered site 3 was larger than 
agricultural site 1 (Figure 3.7A, likelihood 99%).  In summer, SEAc size did not differ among 
forested and buffered sites, whereas all SEAc in forested and buffered sites were larger than 
agricultural sites (Figure 3.7B, likelihood 99%).      
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Community isotopic shifts 
Significant directional isotopic shifts occurred among fish communities in different land 
use groups (Figure 3.8, Table 3.5).  Circular statistics revealed that fishes from agricultural sites 
were more δ13C enriched with lower mean trophic positions relative to fishes in forested sites in 
both spring and summer (Figure 3.8, Table 3.5).  Similarly, fishes shifted towards δ13C 
enrichment and lower mean trophic positions in agricultural sites relative to buffered sites in 
spring (Figure 3.8, Table 3.5).  Fishes in agricultural sites were also more δ13C enriched relative 
to buffered sites in the summer, but no changes in trophic position were found (Figure 3.8, Table 
3.5).  The consistent shift of fish communities in agricultural streams toward δ13C enrichment is 
indicative of increased reliance on periphyton derived carbon sources. Although the magnitude 
of change was much lower than comparisons with agricultural sites, fishes decreased in mean 
trophic position in buffered relative to forested streams in summer (Figure 3.8, Table 3.5).  No 
significant shifts occurred between forested and buffered sites in spring (Figure 3.8, Table 3.5).  
No significant seasonal shifts occurred for fish communities within the same land use group 
(Rayleigh’s test, P > 0.5).   
Individual fish species had consistent isotopic shifts between agricultural and forested or 
buffered streams with species in the same trophic guild having similar responses.  The 
herbivorous central stoneroller from agricultural sites had the smallest changes in mean trophic 
position and largest vector lengths (range 3.81-4.69) relative to forested and buffered streams 
indicating strong shifts toward periphyton δ13C (Table 3.5).  In contrast, the omnivorous creek 
chub and bluntnose minnow from agricultural sites showed decreased mean trophic position 
relative to forested sites (angles range 121.73 -137.74), but little change in δ13C signatures 
(Table 3.5).  Orangethroat darter and juvenile largemouth bass had larger magnitudes of change 
 84 
 
(i.e., vector lengths) than the other invertivores in agricultural streams relative to forested and 
buffered streams (Table 3.5).  
 We compared fish trophic position to further examine individual species level differences 
in isotopic shifts.  Fish trophic position was significantly different among land use groups for 
most species with the exception of central stoneroller (Table 3.6).  In spring, all fish species, 
except central stoneroller, had significantly lower trophic position in agricultural streams 
compared to forested and buffered streams (Tukey, P < 0.05).  Creek chub and green sunfish 
were the only species that had significantly lower trophic position in buffered compared to 
forested streams in spring (Tukey, P < 0.05).  In summer, most fish species had significantly 
higher trophic position in forested than buffered and agricultural streams (Tukey, P < 0.05). 
Bluntnose minnow and orangethroat darter were the only species with trophic positions that did 
not differ in forested compared to buffered streams in summer (Tukey P > 0.05).  Although there 
were differences in trophic position among land use groups and among species within seasons, 
most individual fish species trophic position did not differ among seasons (Table 3.6).  The 
exceptions were creek chub and orangethroat darter that both had significantly higher trophic 
position in spring compared to summer (Tukey, P < 0.05).   
 
Discussion 
Our results suggest that headwater food webs are sensitive to changes in both riparian 
forest and watershed agriculture.  Comparisons among the three land use groups indicate that 
riparian forest buffers have strong influences on key instream parameters (e.g., basal energy and 
nutrients), abundances of macroinvertebrates and fish, and stream food web structure.  Forested 
streams, which had the lowest percent row crop agriculture, had food webs with the highest 
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trophic diversity, largest trophic niche width, and lowest trophic redundancy.  Although trophic 
diversity measures tended to be smaller in buffered streams, δ15N range (NR) in summer was the 
only isotopic metric that was significantly smaller in all buffered sites compared to forested 
streams.  Thus, despite differences in watershed agricultural land use (mean 50% vs. 76%), 
forested and buffered streams had relatively similar food web structure in spring.  In contrast, 
agricultural streams with low percent forest buffer had compressed food webs exhibiting low 
trophic diversity and high trophic redundancy.  Isotopic metrics have revealed food web changes 
from other anthropogenic stressors, such as decreases in food chain length in hydrologically 
disturbed marshes (Sargeant et al. 2010) and lower δ13C variability and trophic position of fish in 
urban streams (Eitzmann and Paukert 2010).  However, ours is the first study to examine 
community-wide isotopic shifts related to alterations in riparian forest and row crop agricultural 
land use. 
Correlations between all isotopic metrics and environmental variables (PC 1 axis 
loadings) suggest land use differences strongly influenced abiotic factors important to food web 
structure.  Grouping of streams into the three distinct land use categories provided consistent 
differences among basal resources and nutrients that closely matched our initial predictions.  
Agricultural streams had higher maximum daily temperature and greater periphyton biomass, 
whereas buffered and forested streams had greater standing stocks of CPOM due to greater 
canopy cover.  Although these differences in basal resources seem obvious as to changes in 
canopy openness, unshaded streams can have similar algal biomass as shaded streams when 
affected by high levels of anthropogenic disturbance (Gothe et al. 2009).  Agricultural streams 
also had higher nutrient levels likely caused by lower amounts of riparian forest buffer in the 
watershed (Sweeney and Newbold 2014).  We found the greatest abundances of 
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macroinvertebrate and fish in agricultural streams because of high numbers of tolerant primary 
consumers (e.g., chironomidae larvae) and herbivorous fish (e.g., central stoneroller).  
Macroinvertebrate and fish abundance has been shown to increase in streams where canopy 
cover has been reduced by deforestation or agriculture (Lorin and Kennedy 2009, Crane et al. 
2011), due primarily to increased primary production.     
We were able to examine shifts in primary resources used by consumers because basal 
energy sources had distinct stable isotope signatures in all streams (Peterson and Fry 1987, 
Layman et al. 2007a).  Periphyton δ13C and δ15N had greater variation and were more enriched 
than CPOM isotopic signatures.  Periphyton and CPOM isotopic values in our study streams 
were similar to those reported in previous studies from open prairie and forested headwater 
streams (e.g., Evans-White et al. 2001, England and Rosemond 2004, Lau et al. 2009).  CPOM 
δ13C values (mean = -29.56‰) were consistent with allochthonous resources of terrestrial origin 
(Peterson and Fry 1987).  Filamentous algae had the most depleted δ13C values of all sources 
collected, but was only present in agricultural streams and one of the buffered sites.  Based on 
the relatively depleted δ13C values of all consumers in agricultural sites, filamentous algae 
appear to be an insignificant food source in those streams.  Herbivorous fish and invertebrates 
have been shown to prefer and select palatable algae in periphyton, such as diatoms, over 
unpalatable filamentous algae that may be difficult to consume (Geddes and Trexler 2003, 
Devlin et al. 2013).  Central stoneroller is the only consumer that likely ingested filamentous 
algae in one of the buffered sites, possibly due to low periphyton levels at that location.     
CPOM δ13C and δ15N signatures and periphyton δ13C were similar among all streams, 
whereas periphyton δ15N varied among land use groups and seasons.  As predicted, δ15N values 
of periphyton were enriched in agricultural streams.  Our results are consistent with previous 
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studies that have shown increases in δ15N along nutrient and agricultural gradients (Harrington et 
al. 1998, Anderson and Cabana 2005, Bergfur et al. 2009, Diebel and Vander Zanden 2009).  
Enriched δ15N is likely associated with increased nitrate levels in agricultural sites from greater 
fertilizer runoff with low percent riparian forest buffer.  Changes in instream nitrification, 
denitrification, and assimilation following N fertilizer application are known to elevate δ15N of 
primary producers (Kendall 1998).  Periphyton δ15N in agricultural streams may also be affected 
by increased light availability and higher algal biomass, which may cause higher consumption of 
the less preferred isotope (15N instead of 14N) due to increased competition (Fogel and Cifuentes 
1993).   
Fish trophic position varied among species in a consistent manner within streams of each 
land use group.  The relatively large variability in trophic position of fish observed in our study 
(2.1 – 4.3) was similar to the range in trophic position of small invertivore fish reported in 
previous studies in lakes (2.7-4.6) (Vander Zanden et al. 2000) and streams (2.2-4.5) (Anderson 
and Cabana 2007).  Central stoneroller and creek chub had the lowest trophic position of all 
species. Low trophic position for central stoneroller was expected since they primarily consume 
algae and detritus (Evans-White et al. 2001).  Creek chubs are known to consume some plant 
material, but having a lower trophic position than central stoneroller in summer was surprising 
since their diet generally consists of aquatic and terrestrial invertebrates (Goldstein and Simon 
1998).  It is likely central stonerollers were also consuming invertebrates because their δ15N 
signature is more similar to other fish than to primary invertebrate consumers.  Orangethroat 
darters, along with largemouth bass in the summer, had the highest trophic position indicating 
they were the “top predators” of all consumers in these systems. 
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The use of stable isotope data to quantify the trophic structure of communities does have 
some limitations (Hoeinghaus and Zeug 2008).  If difference source groups have the same 
carbon isotope signatures (e.g., periphyton and CPOM), trophic diversity would be 
underestimated by isotopic metrics.  Thus, TA and SEA only illustrate the trophic niche that 
reflects feeding on isotopically distinct food sources (Hoeinghaus and Zeug 2008).  In our study, 
basal resources had distinct signatures, the same species were used for all sites, and stable 
isotope values were standardized using baseline corrections thereby making the metrics 
comparable among food webs in different streams (Layman et al. 2012).  Recent experimental 
tests of the accuracy of NR to quantify food chain length and CR to trace basal resource use 
suggest that both isotopic measures are robust quantifications of food web structure (Perkins et 
al. 2014).  
All isotopic measures of trophic diversity (TA, CR, NR, CD) and isotopic niche area 
(SEA) were smaller in agricultural compared to forested streams.  Buffered stream isotopic 
metrics were intermediate between agricultural and forested streams, but there was seasonal 
variation in the strength of the differences.  TA, NR, and CD were smaller in agricultural 
compared to buffered streams in spring, whereas SEA, CR and CD were smaller in agricultural 
streams in the summer.  Decreases in trophic diversity and isotopic niche area (TA and SEA) in 
agricultural streams was a result of decreased diversity of basal resources supporting the food 
web (CR), as well as reduction in trophic position variation (NR) among invertebrates and fish.  
Lower NR in marshes with high fish densities has been attributed to increased competition 
reducing the abundance of larger predatory invertebrates that are preferred prey forcing fish to 
feed on lower trophic levels (Sargeant et al. 2010).  Agricultural streams in our study had the 
highest fish and macroinvertebrate abundance, with chironomids as the dominant invertebrate 
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(68% of total taxa).  The combination of high density of small primary consumers and increased 
competition for larger predatory invertebrates may have contributed to lower fish trophic 
position in agricultural streams.  Low overlap in core isotopic niche space (SEAc) suggests that 
resources used by consumers in agricultural streams were different than in buffered and forested 
streams (Jackson et al. 2011).  Low CR and high trophic redundancy suggests that all consumers 
are converging on the same resource pool in agricultural sites (Layman et al. 2007b).  
Compressed food webs (i.e., smaller TA) caused by decreased CR and/or low NR have also been 
reported in urban streams (Eitzmann and Paukert 2010) and streams impacted by acid mine 
drainage (Hogsden and Harding 2014).  Thus, these isotopic measures may be good indicators of 
anthropogenic degradation of stream food webs.   
Fish communities in agricultural streams shifted towards δ13C enrichment and lower 
trophic position compared to forested and buffered streams.  δ13C enrichment is indicative of 
increased reliance on periphyton derived carbon sources in agricultural streams.  Previous studies 
have demonstrated that reduction in riparian forest and increase nutrient input due to agriculture 
(pasture) is associated with an increased dependence on autochthonous production (Hicks 1997, 
Bunn et al. 1999, England and Rosemond 2004, Hladyz et al. 2011b).  A shift in energy base is 
significant because terrestrial detritus is often the most important nutritional resource in the food 
webs of temperate forested streams (Winterbourn et al. 1986, Hicks 1997, Finlay 2001, England 
and Rosemond 2004).  However, algal production has been shown to be important to consumers, 
even in shaded reaches with high terrestrial inputs, because periphyton has a higher nutritional 
value than detritus (Thorp and Delong 2002, March and Pringle 2003).  Our results suggest that 
some fish species, such as creek chub, follow the periphyton energy pathway in all land use 
groups, whereas significant δ13C shifts occurred at the bottom (i.e., central stoneroller) and top 
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(i.e., orangethroat darter, largemouth bass) trophic positions.  Although shifts in primary 
invertebrate consumers are a consistent response to changes in riparian vegetation and canopy 
cover (i.e., Bunn et al. 1999, England and Rosemond 2004, Chessman et al. 2009, Hladyz et al. 
2011b), few studies have documented significant δ13C shifts in fishes (but see England and 
Rosemond 2004, Lau et al. 2009).  Central stoneroller, like primary invertebrate consumers, 
appears to be tracking the dominant basal energy source in each stream, with little change in 
trophic position among land use groups.   
The increase in relative trophic position of most fish species in forested and buffered 
streams could be caused by two different mechanisms: 1) variation in δ15N fractionation rates 
among streams, or 2) insertion of predatory invertebrates in the food chain.  Previous studies 
question the use of a single δ15N fractionation value (e.g., 3.4‰) for estimates of trophic position 
because of known variation among taxa and potential differences among locations (Adams and 
Sterner 2000, McCutchan et al. 2003, Jardine et al. 2005).  Streams supported by an 
allochthonous base could have a higher fractionation rates because low quality detritus leads to 
high rates of nitrogen cycling, resulting in enriched δ15N consumer values (Adams and Sterner 
2000, Jardine et al. 2005).  δ15N of herbivorous invertebrates and fish that consume detritus 
directly may be more affected (Jardine et al. 2005, Bunn et al. 2013), but it has less influence on 
invertivore fishes that are feeding on multiple trophic levels with potentially different energy 
pathways (Vander Zanden and Rasmussen 2001, Bunn et al. 2013).  In addition, selecting an 
appropriate baseline organism is more crucial for trophic position estimates than attempting to 
account for possible fractionation variability within the entire food web (Vander Zanden and 
Rasmussen 2001, Anderson and Cabana 2007).  Therefore, our observed differences in fish 
trophic position among land use groups are more likely due to variation in diet.  We suggest that 
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fish trophic position increased due to the addition of predatory invertebrates and an increase in 
omnivory resulting from a wider resource base (sensu Post and Takimoto 2007). 
Relative trophic position of top predators, including insectivorous fish, can increase 
through the addition of an intermediate link (e.g., predatory invertebrates) in the food chain (Post 
2002).  Top predators in unfragmented creeks had higher trophic position than fragmented creeks 
due to the increase in pelagic planktivores in their diet (Layman et al. 2007b).  Similar to 
forested and buffered streams in our study, unfragmented creeks had increased diversity of basal 
resources, increased incidence of omnivory, and greater abundance of intermediate prey taxa 
(Layman et al. 2007b).  Although differences were not significant, aquatic invertebrate predators 
(e.g., odonates) tended to be more abundant in forested and buffered streams than in agricultural 
streams.  In addition to aquatic predatory invertebrates, fish may also be consuming more 
terrestrial invertebrates in forested and buffered streams related to a greater canopy cover 
(Kawaguchi and Nakano 2001, Inoue et al. 2013).  Terrestrial invertebrates are considered a 
high-quality food source to stream fishes (Edwards and Huryn 1996, Nakano et al. 1999) and can 
make up a significant proportion of small fish diets (up to 44%, Sullivan et al. 2012).   
Our results highlight the overarching influence of riparian canopy cover to stream 
ecosystems and the potential benefits of riparian forests to food web structure in streams 
impacted by cropland agriculture.  In the absence of riparian buffer, we found community-wide 
shifts in basal energy and collapse in trophic niche size that suggests substantial alterations to 
ecosystem function in agricultural streams.  Omnivorous species, such as most taxa in our study, 
can persist in these stressed streams; however, their ecological roles may be significantly altered 
(Layman et al. 2007b).  Homogenization of energy flow pathways and overall simplification of 
food web structure can create less stable food webs (Post et. al. 2000, Rooney et al. 2006) and 
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lead to declines or elimination of top predators (Tilman et al. 1994).  Top predator susceptibility 
to altered ecosystem function is a possible explanation for the low abundance of piscivores in 
agricultural streams.  The presence of riparian forests literally buffered the impacts of watershed 
agriculture on food web structure by increasing trophic niche size to a level similar to forested 
streams, particularly in spring. 
 There is an emerging need to include measures of integrated ecosystem processes in 
assessment programs, as many goals of stream management relate directly to the maintenance of 
natural ecological processes (Lake et al. 2007).  Currently, the most common ecosystem 
measurements (e.g. leaf litter breakdown) focus on primary consumers and their resources, 
which undervalue potentially important biological drivers of ecosystem function (Power 1990, 
Woodward et al. 2008, Hladyz et al. 2011b).  Food web analysis provides important information 
about interactions among species and trophic levels, along with insight into ecological processes 
linked to energy flow and nutrient cycling (Woodward 2009).  We found predictable changes in 
stream food web structure, as measured with isotopic metrics, related to variation in riparian 
forest and watershed agricultural land use.  Agricultural streams that lacked sufficient forest 
buffer had food webs with low trophic diversity driven by a shift to autochthonous resources and 
lower fish trophic position.  Riparian forests significantly increased the range in basal resources 
used by consumers and expanded trophic diversity in buffered streams.  Our results suggest that 
food web structure is an effective indicator of agricultural impacts on stream ecosystem function 
and highlight the importance of allochthonous energy inputs in headwater streams that have 
implications for managing riparian areas in agricultural watersheds.   
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CHAPTER 3: TABLES AND FIGURES  
Table 3.1.  Fish species and invertebrate taxa collected at all sites for food web analysis.  Trophic 
guild and functional feeding group (FFG) classification according to Gerking (1994) for fish and 
Merritt and Cummins (1996) for invertebrate taxa.  Scientific name, common name and 
abbreviation codes are shown. 
 
Common name Scientific name Trophic Guild/FFG Abbreviation 
    Fish 
   Central stoneroller Campostoma anomalum Herbviore/Detritivore COS 
Creek chub Semotilus atromaculatus Omnivore CRC 
Bluntnose minnow Pimephales notatus Omnivore BLT 
Bluegill Lepomis macrochirus Invertivore BLG 
Green sunfish Lepomis cyanellus Invertivore GSF 
Orangethroat darter Etheostoma spectabile Benthic Invertivore ORD 
Largemouth bass Micropterus salmoides Invertivore/Piscivore1   LMB 
    
Invertebrates 
   Snails Gastropoda   
        Physidae Grazers Gas 
        Planorbidae Grazers Gas 
Mayfly larvae Ephermeroptera   
 
       Baetidae Grazers Eph 
 
       Heptageniidae Grazers Eph 
Midge larvae Chironomidae   
        Chironominae Collector-gatherer Chi 
Caddisfly larvae Tricoptera   
 
       Hydropsychidae Collector-gatherer Hyd 
Dragonfly larvae Odonata   
 
      Gomphidae Predator Odo 
 
      Libellulidae Predator Odo 
Crayfish Decapoda   
 
       Cambaridae Ominovore Cra 
         
1switch to piscivore at later life stages 
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Table 3.2.  Results of principle components analysis of environmental variables from nine study 
streams sampled in spring and summer 2009. Variable loadings with values >|0.25| in bold. 
 
                                         Principle Components  
Variable PC1 PC2 PC3 PC4 
Canopy cover 0.31 -0.08 0.23 0.10 
Mean velocity  0.06 0.17 -0.45 -0.18 
Mean depth 0.14 0.51 0.06 0.18 
Maximum depth 0.29 0.24 -0.20 0.17 
Width-Depth ratio -0.10 -0.43 -0.32 0.09 
Mean width 0.02 0.08 -0.42 -0.41 
Temperature -0.27 -0.03 0.18 -0.11 
Dissolved oxygen 0.08 0.02 -0.40 -0.37 
Conductivity 0.09 0.20 0.15 -0.31 
Total phosphorous -0.25 -0.09 0.01 0.21 
Nitrate-N -0.23 0.32 -0.29 -0.05 
Chlorophyll a -0.30 -0.09 -0.09 -0.15 
Periphyton AFDM -0.27 0.24 0.05 0.01 
Benthic organic matter 0.30 -0.27 -0.07 -0.03 
Clay/Silt % -0.11 -0.32 -0.09 -0.24 
Sand% 0.31 -0.03 -0.02 -0.09 
Gravel % -0.22 0.27 -0.09 -0.14 
Coarse gravel % -0.29 0.16 -0.09 -0.09 
Cobble % -0.18 0.12 -0.22 -0.22 
Bedrock % -0.09 -0.03 -0.08 -0.49 
     
Eigenvalue 6.88 3.00 2.68 2.33 
% Variation 34.4 15.0 13.4 11.6 
Cumulative % Variation 34.4 49.4 62.8 74.4 
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Table 3.3.  Environmental characteristics of streams in the three land use groups (Mean (SE), n = 
3 for each land use group). Streams categorized into distinct land use groups based on 
percentages of watershed agricultural land use and riparian forest buffer (30 m).  Different letters 
indicate a significant difference between land use groups (P < 0.05) based on repeated-measures 
ANOVA models. 
 
    Land Use Group   
  Forested Buffered Agricultural 
Watershed area (km2) 34.5 (4.5) 35.5 (3.5) 33.2 (1.2) 
Watershed riparian forest (30 m) % 81 (4) 77 (6) 19 (4) 
Watershed agricultural land use % 50 (2) 76 (2) 83 (4) 
Canopy cover % 86 (4)a 90 (4)a 24 (6)b 
Mean velocity (m/s) 0.14 (0.04) 0.10 (0.03) 0.12 (0.03) 
Mean width (m) 5.1 (0.5) 5.2 (0.3) 5.2 (0.4) 
Mean depth (cm) 18 (2.3) 23 (2.8) 17 (2.6) 
Maximum depth (cm) 35 (3.6)a 32 (3.5)b 22 (3.8)b 
Temperature (oC) 19.5 (0.5)a 20.0 (0.7)a 22.5 (0.6)b 
Daily Maximum Temperature (oC) 24.6 (0.8)a 24.1 (1.0)a 28.1 (0.9)b 
Nitrate-Nitrogen (mg/L) 0.36 (0.18)a 0.44 (0.19)a 1.37 (0.28)b 
Total Phosphorus (mg/L) 0.11 (0.04) 0.17 (0.05) 0.29 (0.05) 
Dissolved Reactive Phosphorus (mg/L) 0.03 (0.03)a 0.07 (0.06)ab 0.16 (0.07)b 
CPOM (g AFDM/m2) 79 (11.1)a 57 (13.4)a 16 (6.7)b 
Periphyton biomass (mg AFDM/cm2) 5.6 (1.7)a 7.3 (2.8)a 12.7 (2.6)b 
Chlorophyll a (µg/cm2) 2.02 (0.28)a 2.25 (0.23)a 6.52 (0.46)b 
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Table 3.4.  Repeated-measures ANOVA models for the effect of land use group, season, and 
their interaction on Layman metrics (n = 3 for each land use group, n = 2 for season).  Significant 
differences (P < 0.05) in bold. 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
      
    Land Use X 
 
Land Use Group 
 
     Season            Season 
Parameter F2,6 P   F1,6 P     F2,6   P 
 
Layman Metrics 
        
Total Area (TA) ‰2 31.01 <.0001 
 
30.32 <.0001 
 
     7.34 0.022 
δ13C range (CR) ‰ 25.09 0.001 
 
11.59   0.014       9.26 0.015 
δ15N range (NR) ‰ 28.79 <0.001 
 
17.25 0.006 
 
   7.01 0.023 
Mean distance to centroid (CD) ‰ 26.51 0.001 
 
10.76 0.017 
 
   7.41 0.024 
Mean nearest neighbor distance ‰ 7.13 0.026 
 
10.02 0.019 
 
   3.73 0.088 
Nearest neighbor distance ‰  20.82 0.002 
 
3.66 0.104 
 
   0.95 0.438 
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Table 3.5.  Vector angle (degrees) and length for fish species used for circular statistics (Figure 3.8).  Paired land use comparisons for each season 
with significant Rayleigh’s tests for circular uniformity in bold. 
 
    Forested to Buffered          Forested to Agricultural          Buffered to Agricultural 
 
         Spring        Summer          Spring        Summer          Spring        Summer 
Common name Angle Length Angle Length Angle Length Angle Length Angle Length Angle Length 
Central stoneroller 300.76 0.96 181.77 0.63 95.10 3.81 98.19 4.69 100.95 4.37 90.42 4.66 
Creek chub 148.99 0.47 126.27 0.87 127.95 1.27 121.82 1.42 116.68 0.86 114.83 0.56 
Bluntnose minnow 259.86 1.02 197.37 0.49 137.00 1.26 121.73 1.54 111.72 2.00 103.11 1.50 
Bluegill 142.38 0.48 112.00 1.65 122.60 1.53 112.05 2.10 114.03 1.09 112.23 0.46 
Green sunfish 108.16 1.46 135.74 0.96 123.51 1.67 113.47 1.56 179.20 0.47 85.25 0.77 
Orangethroat darter 243.30 0.80 210.20 0.70 112.10 2.69 113.11 2.33 101.52 3.28 97.03 2.52 
Largemouth bass 97.97 1.88 167.15 0.78 108.54 2.88 104.40 3.10 126.95 1.09 90.31 2.83 
             Mean 171.54 0.32 161.60 0.82 118.22 0.98 112.12 0.99 120.27 0.91 99.00 0.98 
Rayleigh (Z) 0.72 
 
4.06 
 
6.66 
 
7.96 
 
5.82 
 
6.76 
 Rayleigh (p) 0.506   0.04   <0.0001   <0.0001   0.0006   <0.0001   
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Table 3.6.  Repeated-measures ANOVA models for the effect of land use group, season, and 
their interaction on fish trophic position (n = 3 for each land use group, n = 2 for season).  
Significant differences (P < 0.05) in bold. 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
      
    Land Use X 
 
Land Use Group 
 
     Season            Season 
Fish Species F2,6 P   F1,6 P     F2,6   P 
         Central stoneroller 2.29 0.182 
 
3.64 0.105 
 
   4.21 0.072 
Creek chub 47.86 <0.001 
 
42.21 0.001     0.41 0.683 
Bluntnose minnow 20.31 0.002 
 
5.39  0.059 
 
  0.62 0.570 
Bluegill 15.84 0.004 
 
3.25  0.122 
 
  0.40 0.689 
Green sunfish 66.04 <.0001 
 
5.43  0.068 
 
  1.53 0.290 
Orangethroat darter  23.58 0.001 
 
7.43  0.034 
 
  0.88 0.463 
Largemouth bass 12.00 0.008 2.54  0.162   2.70 0.146 
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Figure 3.1.  Relationship between percent watershed agriculture and percent riparian forest (30 m 
buffer width) for study streams within the Embarras River Watershed.  Sites divided into three 
land use groups. 
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Figure 3.2.  Principal component analysis of environmental variables (see Table 3.2) from the 
nine study streams, with samples identified by land use group (n=3 streams per group).  Points 
represent individual sites/season.  Triangles represent forested streams, squares represent 
buffered streams, and circles represent agricultural streams.  Spring sampling periods are open 
symbols and summer samplings are closed symbols.  
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Figure 3.3.  Bivariate plots of  mean (+SE)  δ13C and  δ15N for fish, invertebrates, and basal resources sampled in spring at nine study sites divided 
into three land use groups (Figure 3.2).  Fish species (squares with colors specific to each species) and invertebrate taxa (circles) abbreviations 
given in Table 1.  Basal resources (triangles): CPOM = coarse particulate organic matter, Peri = periphyton, F Alg = filamentous algae. 
 
Figure 3 
-32 -30 -28 -26 -24 -22
2
4
6
8
10
12
14
16
ChiGas
Odo
Hyd
Eph
CRC
BLG
GSFCOS
ORDAgricultural 1
LMB
BLT
CPOM
Peri
Fishes
Inverts
Basal
Dec
F Alg
-32 -30 -28 -26 -24 -22
2
4
6
8
10
12
14
16
Chi
Gas
Odo
HydEph
CRC
BLG
GSF
COS
ORD
Agricultural 2
LMB
Dec
BLT
CPOM
Peri
F Alg
-32 -30 -28 -26 -24 -22
2
4
6
8
10
12
14
16
Chi
Gas
Odo
Hyd Eph
CRC
BLG GSF
COS
ORD
Agricultural 3
Dec
BLT 
CPOM
Peri
F Alg
-32 -30 -28 -26 -24 -22
2
4
6
8
10
12
14
16
Chi
Odo
Hyd
CRC
BLG
GSF
COS
ORD
Buffered 1
LMB
Dec
BLT 
Eph
Peri
CPOM
-32 -30 -28 -26 -24 -22
2
4
6
8
10
12
14
16
Chi
Odo Hyd
Eph
CRC
BLG
GSFCOS
ORD
Buffered 2
LMB
Dec
BLT 
CPOM
Peri
-32 -30 -28 -26 -24 -22
2
4
6
8
10
12
14
16
Chi
Odo
Hyd Eph
CRC
BLG
GSFCOS
ORD
Buffered 3
LMB
Dec
BLT 
CPOM
Peri
-32 -30 -28 -26 -24 -22
2
4
6
8
10
12
14
16
Chi
Gas
Odo
Hyd
Eph
CRC
BLG
GSF
COS
ORD
Forested 1
LMB
Dec
BLT
CPOM
Peri
-32 -30 -28 -26 -24 -22
2
4
6
8
10
12
14
16
Chi
Odo
Hyd
Eph
CRC
BLG GSF
COS
ORD
Forested 2
LMB
Dec
BLT 
CPOM
Peri
Gas
-32 -30 -28 -26 -24 -22
2
4
6
8
10
12
14
16
ChiGas
Odo
Hyd
Eph
CRCBLG
GSF
COS
ORD
Forested 3
Dec
BLT 
CPOM Peri
LMB
δ13C (‰) 
δ1
3 N
 (‰
) 
 F Alg 
 
  
 111 
 
 
 
  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 3.4.  Bivariate plots of mean (+SE)  δ13C and  δ15N for fish, invertebrates, and basal resources sampled in summer at nine study sites 
divided into three land use groups (Figure 3.2).  Fish species (squares with colors specific to each species) and invertebrate taxa (circles) 
abbreviations in Table 1.  Basal resources (triangles): CPOM = coarse particulate organic matter, Peri = periphyton, F Alg = filamentous algae. 
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Figure 3.5.  Mean + SE of trophic structure metrics (Layman et al. 2007) total convex hull area 
‰2 (TA), δ13C range (CR), δ15N range (NR), and mean distance to centroid (CD) for streams in 
each land use group (n=3 streams per group) for (A) spring and (B) summer.  Bars with different 
letters indicate a significant difference between land use types (P < 0.05) based on repeated 
measures ANOVA models (see Table 3.4) and Tukey’s pairwise comparisons.  
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Figure 3.6.  Bayesian standard ellipses (SEAc) of trophic position and δ13C values of fish and 
invertebrates from the nine study streams for (A) spring and (B) summer sampling periods. 
SEAc enclose the core niche width (40% of the data) for each site and season. Stream sites are 
identified by land use group (n = 3 streams per group): solid black lines represent forested 
streams, gray lines represent buffered streams, and dashed lines represent agricultural streams. 
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Figure 3.7.  Density plots showing the credibility intervals (50%, 75%, 95%) of the standard 
ellipse areas (SEA) for each of the stream sites from (A) spring and (B) summer samplings.  
Black dotes represent their mode. Stream sites are identified by land use group: forested (F1, F2, 
F3), buffered (B1, B2, B3) and agricultural (A1, A2, A3). 
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Figure 3.8.  Circular plots of  δ13C and  δ15N corrected baseline values (TP).  Arrow diagrams show 
comparisons for each land use group and indicate the directionality (angle) and magnitude (arrow length) 
of change among fish communities.  Individual arrows represent the mean of a single fish species.  The 
vector direction indicates shifts in trophic niche space between sites in different land use groups.  
Numbers in concentric circles correspond to magnitude of change, in delta units (‰).  The overall mean 
angle of change among all species is represented by a solid straight line and the 95% confidence interval 
is the curved line outside the circumference. 
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CHAPTER 4: ASSESSING THE EFFECTS OF RIPARIAN FOREST AND 
AGRICULTURAL LAND USE ON FISH DIET AND TROPHIC POSITION USING 
STABLE ISOTOPE AND GUT CONTENT ANALYSES 
 
Abstract 
Stream assessments programs are beginning to integrate measurement of ecosystem 
function, such as food web structure, to better understand how anthropogenic activities and 
restoration efforts influence ecological processes.  We examined fish diet and trophic position in 
six headwater streams impacted by row-crop agricultural land use to evaluate the effectiveness of 
riparian buffers to improve ecological conditions.  Study sites were divided into two land use 
groups (agricultural and forested) based on the percent of riparian forest and agricultural land use 
in the watershed.  Five fish species were selected for inclusion based on their abundance in all 
streams and to provide a range in trophic guilds.  Traditionally, gut content analysis (GCA) has 
been used to estimate trophic position and study food web dynamics; however, stable isotope 
analysis (SIA; δ13C and δ15N) has recently become a more common alternative.  Since each 
method provides unique information, we combined GCA and SIA for a more comprehensive 
evaluation.  Our results suggest that alterations in riparian forest and watershed agriculture had 
strong influences on instream environmental characteristics and basal resources that directly 
affected fish diets and trophic position.  Although differences varied among species, GCA 
revealed fish in forested streams had a more diverse diet that included greater numbers of 
terrestrial invertebrates and aquatic invertebrate predators, whereas fish in agricultural streams 
consumed more aquatic herbivores (e.g., gastropods) and decapods.  Diets shifts of the 
omnivorous creek chub followed differences in basal resource biomass among streams, with 
greater proportions of algae consumed by creek chubs in agricultural sites contrasted by greater 
detritus consumption in forested sites.  SIA Bayesian mixing model results supported diet 
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differences indicated by gut content analysis, particularly increased contributions of terrestrial 
invertebrates to fish diets in forested streams.  Fish trophic position was higher in forested 
streams than agricultural streams for all species.  Results suggest the higher trophic positions in 
forested streams were due to greater consumption of aquatic and terrestrial predatory 
invertebrates that inserted an intermediate link in the food chain.   
 
Introduction 
  Agricultural land use and poor riparian vegetation are the most widespread stressors 
responsible for rivers and streams in the U.S. being in poor condition (USEPA 2013).  Forested 
riparian “buffers” are often promoted to mitigate the impact of agricultural activities on streams 
due to the recognized benefits of filtering runoff, preventing bank erosion, and regulating water 
temperature through shading (NRC 2002, Bernhardt et al. 2005, Mayer 2010).  Riparian forests 
also contribute vital terrestrial subsidies to stream ecosystems and provide critical instream 
habitat through large woody debris and leaf litter (Naiman and Decamps 1997, Pusey and 
Arthington 2003, Baxter et al. 2005).  Evaluations of the effectiveness of riparian buffers to 
improve stream health have traditionally been conducted by measuring water quality and 
characteristics of macroinvertebrate and fish assemblages (Karr 1981).  Recently, focus has 
moved towards integrating measurements of ecosystem function, such as food web structure, to 
better understand how ecological processes are affected by human activities (Hladyz et al. 
2011b, Woodward et al. 2012).  Previous studies have shown that reduction in riparian forest of 
pasture agricultural streams alters ecosystem function by shifting food web dependence from 
terrestrial detritus to primary production (Hicks 1997, Bunn et al. 1999, Hladyz et al. 2011b).  In 
addition, declines in riparian forest due to conifer plantations and grazing pastures caused 
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reductions in  terrestrial invertebrate contributions to fish diets (Edwards and Huryn 1996, 
Ferreira et al. 2012, Inoue et al. 2013) leading to decreases in fish abundance (Inoue et al. 2013) 
and alterations of fish trophic structure (Ferreira et al. 2012).  Although there is a growing body 
of research examining the effects of pasture and forestry practices, few studies have investigated 
the influence of cropland agricultural land use on stream food web structure (but see Bergfur et 
al. 2009 and Crane et al. 2011).  
Traditionally, gut content analysis (GCA) has been used to estimate species trophic 
position and food web structure (Hyslop 1980), but stable isotope analysis (SIA) is now 
commonly used as an alternative method (Cabana and Rasmussen 1994, Vander Zanden et al. 
1997).  Although both of these techniques estimate diet and trophic position, they provide unique 
information at different time scales that are complementary when used together (Layman et al. 
2005, Rybczynski et al. 2008, Vinson and Budy 2011).  GCA provides valuable taxonomic 
information and size composition, but is simply a short-term dietary “snapshot” and is quite 
time-intensive (Hyslop 1980).  Because of the requirement of higher sampling frequency for 
GCA and minimal indication of degree of assimilation of diet items (Layman et al. 2005), there 
has been growing emphasis on using SIA.  While SIA lacks taxonomic detail, it provides 
integrated information of food sources over time (weeks to months) and reflects foods that are 
assimilated by the consumer (Cabana and Rasmussen 1994, Vander Zanden et al. 1997). 
Additionally, SIA of δ13C allows for tracing basal energy sources in aquatic food webs because 
aquatic primary producers and terrestrial plants often have distinct carbon isotopic signatures 
(Peterson and Fry 1987) and δ13C of consumers change very little with each trophic level (about 
1‰, Finlay 2001, Post 2002).  Furthermore, analysis of δ15N elucidates trophic relationships 
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among organic matter and consumers due to enrichment of δ15N (about 3.4‰) with each trophic 
level (Peterson and Fry 1987, Post 2002).   
An increasing number of studies have used both SIA and GCA to examine trophic 
position and food web dynamics in streams impacted by anthropogenic land use changes 
(England and Rosemond 2004, Eitzmann and Paukert 2009, Evangelista et al. 2014).  For 
example, SIA and GCA provided complementary information to help reveal that even small 
reduction in riparian forest due to logging can decrease reliance on terrestrial subsidies for 
invertebrate and fish (England and Rosemond 2004).  Similarly, combining fish GCA and SIA 
indicated fish diets and food webs in pasture streams with open canopies were driven more by 
autochthonous production than shaded forested streams (Hicks 1997).  In addition, urbanization 
was shown to decrease fish trophic position and reduce diversity of food resources by utilizing 
both analyses (Eitzmann and Paukert 2009).  Although these studies illustrate the benefits of a 
combined approach, no previous studies have used both techniques to examine cropland 
agricultural impacts on stream food webs.  
We used SIA and GCA to examine fish diet and trophic position in six headwater streams 
that varied in the amount of riparian forest and row crop agriculture in the watershed.  Using SIA 
we found that altered food web structure in agricultural streams with low percent riparian forest 
was due to reduced trophic diversity, decreased basal resource variation, and lower fish trophic 
position compared to forested streams (see Effert 2015).  In the absence of GCA data, we were 
unable to elucidate specific mechanisms for observed food web differences, particularly in fish 
trophic position.  As a result, we performed GCA on fishes collected for the previous study and 
conducted additional sampling to provide adequate sample sizes for examination of dietary 
differences and SIA in fishes.  Thus, this study aimed to compare and combine the results from 
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GCA and SIA techniques for a more comprehensive assessment of agricultural land use impacts 
on fish diet and trophic position.  We hypothesized that fish from agricultural streams with low 
riparian forest would consume a lower variety of food items than fish from forested streams due 
to lower trophic diversity found in agricultural streams.  Conversely, we hypothesized that fish 
from streams with low watershed agriculture and high riparian forest would have diets 
containing more predatory invertebrates explaining higher trophic position estimated in forested 
streams.  We also predicted that fish diets from forest streams would have more terrestrial 
subsidies as a result of greater allochthonous inputs. 
 
Methods 
Site selection 
Study sites were located along headwater streams (2nd order) in the Embarras River 
watershed in east-central Illinois (Figure 4.1).  Streams in the watershed are low-gradient with 
sand as the primary substrate.  Watershed land use is 73.5% row crop agriculture (mostly corn 
and soybean) and only 1.8% is urban area.  The Embarras River watershed was chosen because 
there are significant stretches of intact riparian forest.  Study sites were located within replicate 
subwatersheds with similar proportions of riparian forest and agricultural land use.  Both 
replicate subwatersheds, as well as individual study sites, were identified using ArcView GIS 9.1 
(ESRI 2005) based on the Land Cover of Illinois 1999–2000 Classification on-line database 
compiled by the Illinois Department of Natural Resources and the Illinois State Geological 
Survey (IDOA 2001).  Study sites had similar watershed area (27-39 km2) to minimize 
differences among streams, such as width, unrelated to land use.  
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Six stream sites were selected and evenly divided into two land use categories.  Streams 
were designated into land use groups based on land cover proportions within the riparian zone 
(land use within 30 m of the stream) and the whole watershed (the entire area upstream of each 
site).  ‘Agricultural streams’ had high percent agriculture (>61%) and low percent forest (<38%) 
in the riparian zone along with high levels of agricultural land use (>79%) in the entire watershed 
above the sampling sites.  ‘Forested streams’ had high percent forest (>74%) and low percent 
agriculture (<21%) in the riparian zone along with the lowest levels of watershed agriculture 
(<52%) in the Embarras River basin.  Classifying streams into these categories provided replicate 
land use sites with potentially similar habitat and basal resource availability (e.g., more terrestrial 
inputs with greater % riparian forests) to assess the influence of land use changes on fish diet and 
trophic position. 
 
Environmental and community assessments 
 Sampling was conducted in early June and August in 2009 and early June in 2011.  At 
each of the nine sites, stream habitat and hydrology measurements were taken within a 
representative 100 meter reach followed measures adapted from the National Water-Quality 
Assessment (NAWQA) Program (Fitzpatrick et al. 1998).  At each sampling event, water 
temperature, dissolved oxygen, conductivity, and pH were measured using a hand held meter.  In 
addition, water samples were collected for determining nitrate-nitrogen (NO3-N), dissolved 
reactive phosphorous (SRP), and total phosphorous (TP) concentrations according to standard 
methods (APHA et al. 2005).  Basal energy resource availability was determined by 
quantitatively sampling benthic particulate organic matter using sediment cores (Delong and 
Brusven 1993) and collecting periphyton using the inverted petri dish method for sampling 
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epipsammic habitats (Moulton et al. 2002).  To assess abundance and community composition, 
benthic macroinvertebrates were sampled in riffles using a Hess sampler (5 samples per 
site/date) and fish populations were sampled over the 100 m reach using a Smith-Root backpack 
electrofishing unit 
 
Resources and fish collection 
  Benthic particulate organic matter (i.e., conditioned leaves), periphyton, benthic 
macroinvertebrates, terrestrial arthropods and fish were collected over the 100 m study reach in 
each stream for stable isotopes and fish diet analyses.  Five replicate samples of organic matter 
and invertebrates were collected at each sampling event whenever possible.  All samples were 
placed on ice in the field and frozen upon return to the lab.  Course particulate organic matter 
(CPOM) was collected by hand at 5 locations distributed across the reach.  Periphyton was 
collected from unglazed ceramic tiles affixed to cement blocks placed in each site 4 weeks prior 
to sampling because the sandy streams lacked rocks large enough to adequately sample 
periphyton for isotopic analyses.  Filamentous algae were also collected from attached substrates 
when present.  Invertebrates were sampled using a 500-µm mesh kicknet in all available stream 
habitats (i.e., riffles, pools, debris dams) and additional terrestrial invertebrates were collected by 
hand along stream banks.  Maroinvertebrates from different function feeding group were targeted 
for collection to include: aquatic herbivores (gastropods and Heptageniidae), aquatic omnivores 
(Chrionomidae and Hydropsychidae), and aquatic predators (Gomphidae and Libellulidae).  
Similarly, a range of terrestrial invertebrates were also sampled that included Lepidoptera 
(caterpillars), Coleoptera (ground beetles) and spiders.  Macroinvertebrates were combined by 
functional feeding group into plastic bags containing stream water and kept overnight to void gut 
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contents before being frozen (Jardine et al. 2005).  Crayfish were frozen immediately upon return 
to the lab.   
Fish were collected across the entire 100 m reach with a backpack electrofisher with 
targeted sampling of 10 individuals of the most abundant species.  Collected fish were chosen to 
be similar in size to avoid diet differences unrelated to land use.  Targeted species were based on 
previous sampling in the study sites that identified five fish species that were abundant in all 
streams: creek chub (Semotilus atromaculatus), bluegill (Lepomis macrochirus), green sunfish 
(Lepomis cyanellus), largemouth bass (Micropterus salmoides), and orangethroat darter 
(Etheostoma spectabile).  In addition to their abundance, individual species were also selected to 
include a range in trophic guilds for invertivore fishes (Table 4.1).  Total samples sizes for diets 
and GCA ranged from 70 to 34 individuals per species (Table 4.1).   
 
Stable isotope sample preparation 
CPOM, periphyton tiles and filamentous algae samples were examined to remove 
invertebrates and debris before processing for isotopic analysis.  Periphyton was scrubbed off 
tiles, rinsed with distilled water, and then filtered through pre-combusted Whatman CF/C glass 
fibre filters.  Fish were weighed, total length recorded and sample dorsal muscle tissue was 
removed for SIA.  Stomachs or gastrointestinal tracts were then removed and preserved in 70% 
ethanol for GCA.  Individuals of similar size were selected for each fish species resulting in no 
differences in fish size among streams or land use groups.  To achieve sufficient mass for SIA, 
small invertebrates of the same taxonomic group were combined (10-25 individuals), whereas 
single individuals of large invertebrates (i.e., crayfish and odonates) were used.   
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Samples were prepared for isotopic analysis by drying at 60° C for 48 hours and then 
grinding into a fine powder.  Prepared samples were sent to the UC Davis Stable Isotope Facility 
for analysis of 13C and 15N isotopes using a PDZ Europa ANCA-GSL elemental analyzer 
interfaced to a PDZ Europa 20-20 isotope ratio mass spectrometer (Sercon Ltd., Cheshire, UK).  
Results are expressed in delta (δ) notation and measured as parts permil (‰) relative to 
international standard material, Vienna Pee Dee Belemnite limestone for carbon and ambient air 
for nitrogen.  Isotopic ratios are calculated following: δ13C or δ15N = [(Rsample/Rstandard) – 1] x 
1000; where R=13C/12C or 15N/14N.  Analysis of δ13C was used to infer differences in basal 
energy flow and δ15N was used to infer trophic relationships among primary producers and 
consumers.  Prior to data analysis, we corrected for lipid effects on δ13C signatures following 
equations in Post et al. (2007) using % carbon for basal sources or C:N ratios for consumers. 
 
Gut content analysis 
Fish gut contents were removed under a dissecting microscope and food items were 
identified to family when possible using Merritt and Cummins (1996).  Diet was determined 
from contents of the anterior portion of the gut to the first bend of the digestive tract for creek 
chub, as cyprinids lack true stomachs (Bowen 1996).  Diets were quantified using a modified 
version of the point and volumetric methods (Hyslop 1980).  Each food item was counted and 
measured using a digitizer and ImageJ software.  The proportion of each food type was then 
calculated by dividing the area of each food type by the total area of all food items in each fish.  
Diet items were then pooled into broader food categories; functional feeding groups for aquatic 
invertebrates, decapods, terrestrial invertebrates, zooplankton, detritus, and filamentous algae.  
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Stable isotope analysis 
Trophic position (TP) of each fish was determined to assess changes in trophic structure 
related to land use.  Because basal energy sources can show high temporal variability, fish TP 
was calculated relative to a ubiquitous primary consumer (Cabana and Rasmussen 1996). 
Chironominae larvae were selected as our baseline δ15N because they were the most abundant 
primary consumer at all sites, they were found as a common diet item in most fish species, and 
their δ15N value was similar to grazers at sites where they were both present (mean difference 
δ15N = 0.3‰).  TP was calculated using the equation: TPconsumer  = [(δ15Nconsumer  - 
δ15Nbaseline)/3.4] + 2, where δ15Nconsumer  is the δ15N of the taxa for which the TP is estimated, 
δ15Nbaseline is the baseline δ15N, 3.4 is the typical δ15N fractionation per trophic level (Minagawa 
and Wada 1984) and 2 is the expected trophic position of the baseline (Cabana and Rasmussen 
1996).  
To estimate the contribution of different food sources to fish diets, we used a Bayesian 
mixing model in the package Stable Isotope Analysis in R (SIAR, Parnell et al. 2010).  The 
model is based on a series of related linear equations that utilize Bayesian statistical techniques 
to identify proportional contributions of source pools (Parnell et al. 2010).  In contrast to other 
statistical tools that use SIA to estimate diet composition (e.g., Euclidean methods, IsoSource), 
outputs from the Bayesian models are true probability distributions rather than summaries of all 
feasible solutions (Layman et al. 2012).  Mixing models work best when potential food sources 
have distinct isotopic signatures with low overlap (Phillips and Gregg 2003).  Sources that did 
not show significant differences among them (P < 0.05) were pooled and jointly considered in 
the mixing model of each fish.  There has been much debate over the appropriate δ15N diet-tissue 
fractionation value to use in mixing models because different values affect model outputs (Caut 
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et al. 2009)  and average values range from 2.0‰ to 3.4‰ (Vander Zanden and Rasmussen 
2001, Post 2002, McCutchan et al. 2003).  Although a lower fractionation value of 2.3‰ has 
recently been proposed based on studies in tropical regions where many fish consume plant 
matter (Winemiller et al. 2011, Schwamborn and Giarrizzo 2015), we selected the more common 
fractionation value of 3.4 + 0.6‰ because it is a better estimate for omnivorous fishes feeding on 
a mixed invertebrate diet (Bunn et al. 2013).  A δ13C fractionation rate of 1.2 ± 0.3‰ was used 
following McCutchan et al. (2003).   
 
Statistical analysis 
 Site characteristics, community composition, stable isotope results, and gut content 
analyses were compared among agricultural and forested streams using an analysis of variance 
(ANOVA).  A repeated-measures ANOVA was used to include land type (agricultural or 
forested) entered as a fixed effect and both date and sampling stream (nested within land type) 
entered as random effects using PROC MIXED (SAS Institute Inc. 2009).  Differences in fish TP 
among species, land use groups, and sampling date were examined using repeated measures and 
two-way ANOVAs.  Replicate samples of each species were pooled for each sampling event and 
the means were used to test for differences among factors.  When significant differences were 
found, pairwise comparisons were made using Tukey post hoc multiple comparison tests.  To 
approximate normality or improve variance homogeneity, appropriate data transformations were 
applied (Clarke and Warwick 2001).  Gut content proportional data was transformed (arcsine 
square root) prior to analysis.  Data were tested for normality with the Shapiro-Wilk’s test and 
homogeneity of variance with Levene’s test.  We used the Mann-Whitney U-test to examine 
differences among land use for data that failed to pass normality and variance test.  
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Results  
Site characteristics and community assessment 
Agricultural and forested stream sites had consistent differences in habitat, nutrients, 
basal resources, and abundance of macroinvertebrates and fish.  Most of the hydrologic variables 
were similar among land use types (Table 4.2), however, maximum depth was significantly 
greater in forested than agricultural streams (P = 0.02).  Periphyton biomass, chlorophyll a and 
maximum daily temperature was significantly higher in agricultural streams, whereas CPOM 
was significantly higher in forested streams (P < 0.05, Table 4.2).  These differences were likely 
the result of low riparian forest coverage that created lower canopy cover in agricultural streams.  
Agricultural streams also had higher nitrate-nitrogen and dissolved reactive phosphorous 
concentrations than forested streams (P < 0.05, Table 4.2).     
Although measures of macroinvertebrate and fish richness and diversity were not 
significantly different, overall abundance and community composition differed among land use 
groups.  Agricultural streams had significantly greater density of macroinvertebrates (P = 0.02) 
and relative abundance of fish (P = 0.04) than forested streams.  Agricultural streams had greater 
proportions of herbivorous fish (P = 0.001) and forested streams had greater proportions of 
piscivorous fish (P = 0.002).  Similarly, agricultural streams had greater proportions of grazing 
macroinvertebrates and forested streams had greater proportions of predatory 
macroinvertebrates; however, differences among macroinvertebrate functional feeding groups 
were not significant.   
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Gut Content Analysis 
A total of 304 stomachs/gastrointestinal tracts were analyzed for GCA, from which 16 
were empty and excluded from data analysis.  As expected, invertebrates were the dominant food 
item for all fish species with the omnivorous creek chub also consuming detritus and filamentous 
algae (Figure 2).  Bluegill and green sunfish regularly consumed plant matter as well, but it made 
up a small proportion (<4%) of their overall diet.  In contrast, largemouth bass and orangethroat 
darters consumed invertebrates exclusively.  Creek chub fed predominately on terrestrial 
invertebrates (81-64%) that consisted of diverse taxa including Hymenoptera (e.g., ants), 
Coleoptera (e.g., ground beetles), Lepidoptera (caterpillars), Arachnida (spiders) and adult 
Diptera.  Larval Diptera (Chironomidae) and Ephmeroptera (Baetidae) were the most common 
diet taxa for bluegill, largemouth bass, and orangethroat darters.  In contrast, green sunfish was 
the only species that had decapods as the largest proportion of their diet (Figure 4.2).  
There were significant differences in fish diet among land use groups, but no differences 
were found among sampling dates.  All fish species consistently consumed a greater variety of 
individual taxa in forested compared to agricultural streams, however only bluegill and creek 
chub were statistically significant (ANOVA, P = 0.04 and P = 0.05, respectively).  All fish 
species from forested streams consumed more terrestrial invertebrates than their counterparts 
from agricultural streams (ANOVA, all P < 0.08, Figure 4.2), although only orangethroat darters 
were statistically significant (ANOVA, P= 0.003).  Aquatic invertebrate predators, such as larval 
Tabanidae and Tanypodinae, were more prevalent in diets of bluegill (ANOVA, P = 0.02) and 
orangethroat darters (ANOVA, P = 0.04) in forested than agricultural streams.  Creek chub 
consumed significantly more filamentous algae in agricultural streams (Mann-Whitney, P= 0.04) 
and significantly more detritus in forested streams (Mann-Whitney, P=0.004).  Bluegill and 
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green sunfish consumed more gastropods in agricultural than forested streams (Mann-Whitney, P 
= 0.04 and P = 0.05, respectively), whereas largemouth bass and creek chub consumed more 
decapods in agricultural than forest streams (Mann-Whitney, P = 0.05 and P = 0.03, 
respectively).  Orangethroat Darters in forested sites consumed significantly more zooplankton 
than in agricultural streams (Mann-Whitney, P=0.04).  
 
Trophic position estimates 
Fish trophic position varied significantly among species (F4,16 = 15.55, P < 0.0001) and 
land use groups (F1,4 = 101.64, P = 0.0005, Figure 4.3).  Creek chub had significantly lower mean 
trophic position than all other fish species (P < 0.05).  In contrast, orangethroat darters had 
significantly higher mean trophic position than most fish species (P < 0.05), except for 
largemouth bass.  No significant differences in trophic position were found among the other fish 
species (P > 0.05).  Trophic position was significantly lower in agricultural than forested streams 
across all fish species (P < 0.05, Figure 4.3).  
 
Stable Isotope analysis   
Stable isotope δ13C and δ15N values for fish and food resources indicate differences in 
basal energy use and trophic structure among agricultural and forested streams (Figure 4.4).  Fish 
and aquatic invertebrates in agricultural streams had low variation in isotopic signatures with 
δ13C values suggesting a reliance on periphyton (Figure 4.4).  In contrast, fish and aquatic 
invertebrates in forested streams had significantly greater δ13C ranges (ANOVA, F1,4 = 16.75, P 
= 0.001) and δ15N ranges (ANOVA, F1,4 = 13.02, P = 0.008) indicating more utilization of 
detrital energy and greater trophic diversity.   In addition, periphyton and consumer δ15N was 
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significantly more enriched in agricultural streams compared to forested streams (ANOVA. P < 
0.05, Figure 4.4).  
 δ13C and δ15N signatures of basal resources were significantly different from each other 
in all streams (P < 0.001) making them useful for diet mixing models.  Isotopic signatures of 
aquatic primary consumers, including herbivores and chrionomids, were significantly different 
than aquatic predators in forested streams (ANOVA, F1,4 = 6.45, P = 0.01) providing two 
categories of aquatic invertebrate food sources.  However, all aquatic invertebrates had to be 
combined in agricultural streams because of overlapping isotopic values (Figure 4.4).  Since 
isotopic signatures of most food sources were different among land use groups, we used different 
δ13C and δ15N source values for agricultural and forested streams (Table 4.3).  We included basal 
resources in the mixing model for creek chub based on gut content analysis, whereas only 
invertebrates were used as potential sources for other fish species.  
SIAR mixing model results supported broad diet differences indicated by gut content 
analysis (Table 4.4).  Terrestrial invertebrates contributed the largest proportion to creek chub 
diets with an estimated 45% in agricultural streams and 49% in forested streams.  Terrestrial 
herbivores contributed more to creek chub diets than to other fish species diets in both land use 
groups (Table 4.4).  Basal resources also contributed to creek chub diets with larger percentages 
of periphyton and filamentous algae in agricultural streams and larger percent CPOM in forested 
streams (Table 4.4).  For all other fish species, aquatic invertebrates showed higher contributions 
to diets than terrestrial invertebrates (Table 4.4).  Additional comparisons among land use groups 
indicate higher diet contributions of terrestrial invertebrates for fishes in forested streams than 
agricultural streams (Table 4.4).  Differences in terrestrial invertebrate contribution were greatest 
for orangethroat darter and largemouth bass with 11% and 13% in agricultural streams compared 
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to 29% and 35% respectively in forested streams (Table 4.4).  Aquatic predators made important 
contributions to the diets of green sunfish, largemouth bass, and orangethroat darter in forested 
streams (Table 4.4).  We were unable to assess the contribution of aquatic predators or 
herbivores to fish diets in agricultural streams due to overlapping isotopic signatures for all 
functional feeding groups. 
 
Discussion 
 Our results suggest that alterations in riparian forest and watershed agriculture had strong 
influences on instream environmental characteristics and basal resources that affected fish diets 
and trophic position.  GCA in concert with SIA provided a complementary approach to quantify 
dietary changes and explain variation in fish trophic position among species and land use groups.  
Although differences varied among species, GCA revealed fish from forested streams consumed 
a greater variety of taxa, more terrestrial invertebrates, and more aquatic invertebrate predators 
than agricultural stream fish.  In contrast, fish in agricultural streams consumed more aquatic 
herbivores (e.g., gastropods) and decapods than in forested streams.  Fish trophic position was 
higher in forested streams than agricultural streams for all species.  Higher trophic position may 
be the result of greater consumption of aquatic and terrestrial predatory invertebrates in forested 
streams.  SIA mixing model results supported diet differences among land use groups indicated 
by GCA, but comparisons of invertebrate diet contributions were limited to aquatic versus 
terrestrial invertebrates in agricultural streams due to overlapping isotopic signatures.    
We used different δ13C and δ15N source values in mixing models for agricultural and 
forested streams because isotopic signatures of most food sources were different among land use 
groups.  Although periphyton δ13C and CPOM isotopic signatures were similar in all streams, 
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mean δ13C and δ15N of all other food sources, including terrestrial invertebrates, were more 
enriched in agricultural streams.  Enriched δ13C signatures of aquatic invertebrates with low 
variation reflect their strong reliance on periphyton carbon sources in agricultural streams.  
Enriched δ15N signatures of aquatic and terrestrial invertebrates from agricultural sites are related 
to elevated N levels from fertilizer runoff that increases both primary consumer (Harrington et al. 
1998, Anderson and Cabana 2005, Diebel and Vander Zanden 2009) and terrestrial plant δ15N 
values (Harrington et al. 1998, Kendall 1998).  All aquatic invertebrate signatures were 
combined as one food source for agricultural streams due to overlapping isotopic signatures 
(Phillips and Gregg 2001), whereas aquatic herbivores and aquatic predators had distinct 
signatures in forested streams providing two potential aquatic invertebrate sources in mixing 
models.  Terrestrial herbivores (caterpillars) and terrestrial predators (spiders) were additional 
food sources that had distinct signatures for both land use groups.  The more depleted δ13C 
values of terrestrial invertebrates at the agricultural sites compared to forested sites are similar to 
differences found in terrestrial invertebrates at ponds surrounded by either cropland or forested 
habitats (Girard et al. 2012) 
The clear differences in basal resource availability among land use groups were reflected 
in diet shifts of the omnivorous creek chub that had the lowest trophic position of all fish species. 
Creek chub also had the greatest proportion of terrestrial invertebrates in their diet.  Consistent 
with most studies comparing streams with open and closed canopies (e.g., Hicks 1997, Giling et 
al. 2009, Bunn et al. 1999, Hladyz et al. 2011a), agricultural streams in our study had greater 
periphyton biomass due to the open riparian canopy cover, whereas forested streams had greater 
CPOM biomass due to greater inputs from closed canopy cover.  GCA and SIAR mixing models 
indicate that creek chub consumed greater proportions of filamentous algae and periphyton in 
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agricultural sites, whereas consumption of detritus was greater in forested sites.  Similar diet 
shifts were found in omnivorous tropical stream fishes (Ferreira et al. 2012) and crayfish 
(England and Rosemond 2004, Giling et al. 2009) due to changes in riparian forest coverage 
from deforestation and pasture agriculture.  Although creek chub consumed more plant and algal 
material than other fishes, both methods indicated that terrestrial invertebrates made up the 
largest proportion of their diet.  Terrestrial invertebrates have been found to comprise up to 44% 
of cyprinid and other small stream fish diets (Sullivan et al. 2012).  Mixing model results showed 
that terrestrial herbivores were the most important food source for creek chub in both land use 
groups.  Since basal resources and terrestrial herbivores had the lowest δ15N values, the relatively 
high contribution of these resources resulted in lower tropic position estimates for creek chub 
compared to other fish species.   
 Terrestrial invertebrate consumption for all fish species was higher in forested than 
agricultural streams.  Although terrestrial invertebrate consumption was consistently shown with 
GCA, only orangethroat darter had strongly significantly more terrestrial invertebrates in their 
diet in forested streams with all other species showing marginal differences (all P < 0.08).  
Mixing models provided support for increased contribution of terrestrial invertebrates to most 
fish diets in forested compared to agricultural streams, except for creek chub that had high 
contributions of terrestrial invertebrates in both land use groups.  Our results are consistent with 
studies in pasture streams that found reductions in terrestrial invertebrates in fish diets related to 
declines in terrestrial invertebrates subsidies with decreases in riparian forest (Edwards and 
Huryn 1996, Ferreira et al. 2012).  Although we did not quantify terrestrial subsidies, there were 
likely lower subsidies in agricultural streams based on the considerable research demonstrating 
decreased terrestrial invertebrate inputs with reductions in canopy cover (e.g., Edwards and 
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Huryn 1996, Kawaguchi et al. 2003, Ferreira et al. 2012, Inoue et al. 2013).  Previous studies 
have shown the importance of terrestrial invertebrates to the diet and annual energy budget of 
stream fish (e.g., Kawaguchi and Nakano 2001, Baxter et al. 2005) and suggest terrestrial 
invertebrates are a more energy-rich food source than aquatic invertebrates (Francis and 
Schindler 2009).  Thus, decreases in terrestrial invertebrates in agricultural streams may 
negatively affect fish trophic structure (Ferreira et al. 2012) and distribution among streams 
(Kawaguchi et al. 2003, Inoue et al. 2013). 
 The higher trophic position of fish species in forested streams could be caused by greater 
consumption of aquatic and terrestrial predatory invertebrates that added an intermediate link in 
the food chain (Post 2002).  We were unable to evaluate aquatic predator contributions to 
agricultural stream fish diets using mixing models due to isotopic overlap.  However, GCA 
suggests that orangethroat darter and bluegill consumed more aquatic predators in forested than 
in agricultural streams.  Aquatic predator abundance was generally higher in forested than 
agricultural streams likely because they are more sensitive to pollutants than smaller, tolerant 
species such as chironomids (Hilsenhoff 1988, Resh et al. 1996).  In addition, mixing models 
showed increased diet contributions of terrestrial predators for most fish species in forested 
stream, except creek chub.  Evangelista et al. (2014) found that overall input of terrestrial prey to 
streams decreased with lower canopy cover due to a reduction in terrestrial predators rather than 
changes in terrestrial herbivore inputs.  Since most fish species in our study are opportunistic 
generalist predators (Simon 1998), the observed differences in fish diet may be related to relative 
changes in prey abundance in these streams.  Higher top predator trophic position (i.e., food 
chain length) in unfragmented creeks and less hydrologically disturbed streams have been 
attributed to increases in intermediate predators (i.e., predatory invertebrate) in their diets 
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(Layman et al. 2007, McHugh et al. 2010).  Our results are consistent with the insertion 
mechanism (Post 2002, Post and Takimato) affecting relative fish trophic position among 
streams as fish in forested streams consumed more predatory invertebrates.    
Our study was the first to use GCA and SIA to examine fish diet and trophic structure in 
cropland agricultural streams.  The few previous studies that have considered the effects of this 
agricultural land use on fish diets or fish δ13C and δ15N signatures have had mixed results using 
only one of these techniques.  Fish GCA was used to construct food webs metrics for 
comparisons in undeveloped, developed, and agricultural streams (Crane et. al. 2011).  Despite 
differences in species richness and habitat quality among streams, no food web patterns were 
detected across land use types because a single prey taxa dominated all fish diets (Crane et al. 
2001).  Elevated δ15N values of basal energy sources, invertebrates and fish were found in boreal 
streams with increasing agricultural nutrient enrichment, but changes in fish resource use among 
streams could not be determined due to overlapping δ13C signatures of potential food items at 
most sites (Berfur et al. 2009).  
The combined approach of SIA and GCA was important in discerning the influence of 
riparian forests on fish diets and trophic position in agricultural streams.  Since invertivore 
stream fishes, such as those in our study, tend to show high levels of omnivory due to spatial and 
hydrologic variability (Dodds et al. 2004), it is especially difficult to quantify these fish diets and 
trophic structure using gut contents alone (Franssen and Gido 2006, Rybczynski et al. 2008).  
Widespread omnivory and relatively low differences in trophic position also make meaningful 
resolution and interpretation of SIA results more challenging (Rybczynski et al. 2008).  Although 
our mixing models identified general diet differences among forested and agricultural streams, 
overlapping isotopic signatures prevented comparisons among different aquatic invertebrate 
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prey.  Other studies have found diets and functional roles of fish difficult to resolve solely based 
on SIA because diverse resources in streams often have similar isotopic signatures (Berfur et al. 
2009, Vinson and Budy 2011, Davis et al. 2012).  Together GCA and SIA provided a more 
complete characterization of fish diet and trophic structure than did either method alone.  Our 
results highlight the value of adding GCA to studies of food web structure and provide further 
evidence of the importance of riparian forests to fish diets and trophic position in headwater 
streams.   
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CHAPTER 4: TABLES AND FIGURES 
 
Table 4.1.  Fish species collected from all streams sites with number of individuals analyzed for 
gut content and stable isotope analysis.  Trophic guild classifications are according to Simon 
(1998).  Abbreviation codes for each species are shown. 
 
 
    N         
Common name 2009 2011 Total   Trophic Guild Abbreviation 
       Creek chub 48 25 73 
 
Omnivore CRC 
Bluegill 48 34 82 
 
Invertivore BLG 
Green sunfish 28 36 64 
 
Invertivore GSF 
Orangethroat darter 28 16 44 
 
Benthic Invertivore ORD 
Largemouth bass 21 7 28 
 
Invertivore/Piscivore1   LMB 
                
1switch to piscivore at later life stages 
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Table 4.2.  Environmental characteristics of streams in forested and agricultural streams (Mean 
(SE), n = 3 for each land use group). Streams categorized into distinct land use groups based on 
percentages of watershed agricultural land use and riparian forest buffer (30 m).  Parameters in 
bold indicate a significant difference between land use groups (P < 0.05) based on repeated-
measures ANOVA models. 
 
                             
   Forested Agricultural 
Watershed area (km2)  34.5 (4.5) 33.2 (1.2) 
Watershed riparian forest (30 m) %  81 (4) 19 (4) 
Watershed agricultural land use %  50 (2) 83 (4) 
Canopy cover %  89 (5) 29 (7) 
Mean velocity (m/s)  0.16 (0.03) 0.14 (0.03) 
Mean width (m)  5.1 (0.5) 5.2 (0.4) 
Mean depth (cm)  21 (2.7) 18 (3.1) 
Maximum depth (cm)  39 (3.9) 24 (3.3) 
Temperature (oC)  18.5 (0.5) 20.5 (0.6) 
Daily Maximum Temperature (oC)  24.6 (0.8) 28.1 (0.9) 
Nitrate-Nitrogen (mg/L)  0.36 (0.20) 2.07 (0.43) 
Total Phosphorus (mg/L)  0.11 (0.07) 0.36 (0.08) 
Dissolved Reactive Phosphorus (mg/L)  0.03 (0.04) 0.20 (0.07) 
CPOM (g AFDM/m2)  85 (15.0) 17 (8.1) 
Periphyton biomass (mg AFDM/cm2)  4.9 (1.9) 15.3 (2.2) 
Chlorophyll a (µg/cm2)  1.87 (0.28) 6.99 (0.31) 
    
 
 
 
 
 
 
 
 
 
Land Use Group 
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Table 4.3.  δ13C and δ15N values (mean and standard deviation SD) used in SIAR mixed model 
for potential food sources in agricultural and forested streams. 
 
    Mean SD Mean  SD 
Land Use Food Source δ13C δ13C δ15N  δ15N  
Agricultural CPOM -29.51 0.89 3.79 0.51 
 
Periphyton -24.29 0.75 8.00 1.48 
 
Filamentous Algae -32.27 0.74 8.89 1.18 
 
Aquatic invertebrates -24.74 1.45 10.07 1.06 
 
Terrestrial herbivores -22.21 0.80 4.95 1.35 
 
Terrestrial predators -19.16 1.42 10.10 1.13 
      Forested CPOM -29.63 0.45 3.29 0.45 
 
Periphyton -24.75 0.73 4.56 0.63 
 
Aquatic herbivores -26.08 1.39 5.90 1.05 
 
Aquatic predators -25.20 0.50 8.90 0.50 
 
Terrestrial herbivores -26.90 1.90 3.50 1.35 
 
Terrestrial predators -27.80 1.30 9.10 0.90 
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Table 4.4.  Mean percent contributions (95% credibility interval) of food sources to the diet of 
fish species in agricultural and forested streams based on SIAR mixed models.  Abbreviations of 
fish species are shown in Table 1. 
 
Land Use Group     
 
    
      Food source CRC BLG GSF  LMB  ORD 
Agricultural 
            CPOM 5 (0-16) 
  
    
       Periphyton 18 (5-35) 
  
    
       Filamentous algae 12 (3-20) 
  
    
       Aquatic invertebrate 14 (3-27) 80 (61-83) 78 (60-82) 84 (93-61) 87 (98-79) 
       Terrestrial herbivores 27 (6-37) 16 (9-31) 19 (13-36) 5 (0-17) 1 (0-10) 
       Terrestrial predators 18 (6-30) 3 ( 0-11) 2 (0-9) 8 (0-23) 10 (2-17) 
Forested 
            CPOM 13 (3-22) 
           Periphyton 10 (0-27) 
           Aquatic herbivore 16 (3-20) 32 (6-44) 22 (15-45) 25 (5-42) 25 (13-35) 
       Aquatic predator 11 (3-27) 30 (5-37) 41 (20-62) 39 (11-59) 46 (20-64) 
       Terrestrial herbivores 32 (20-52) 15 (12-37) 5 (0-13) 8 (0-21) 5 (0-17) 
       Terrestrial predators 17 (0-35) 21 (4-47) 25 (5-45) 27 (9-57) 24 (10-52) 
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Figure 4.1.  Study site locations sampled in the Embarras River watershed in Illinois, USA.  
Streams categorized into distinct land use groups based on percentages of riparian forest buffer 
(30 m)  and watershed agricultural land use. Triangles represent agricultural streams and circles 
represent forested streams. 
 
 
 
 
N 
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Figure 4.2.  Mean relative percent of food items in gut contents for each fish species in agricultural (n = 
3) and forested (n = 3) streams from all sampling dates combined.  Aquatic insects are divided by 
functional feeding group (predator, omnivore, herbivore) with other aquatic invertebrates (zooplankton, 
decapod, gastropod) separated to illustrate differences among species and land use groups.    
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Figure 4.3.  Mean trophic position (+ SE) for fish from agricultural and forested streams (n = 3 
streams per group).  Fish trophic position was significantly higher in forested sites for all species 
based on ANOVA models (P < 0.05). 
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Figure 4.4.  Bivariate plots of mean (+SE) δ13C and δ15N for fish, invertebrates, and basal 
resources sampled from agricultural and forested streams (n = 3 streams per group).  Fish species 
abbreviations given in Table 1.  Resource abbreviations: Odo = Odonate, Dec = Decapod, Hydo 
= Hydropsychidae, Eph = Ephemeroptera, Chi = Chironomidae, Gas = Gastropod, CPOM = 
coarse particulate organic matter, peri = periphyton, F. Alg = filamentous algae.
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CHAPTER 5: SUMMARY AND CONCLUSIONS 
Streams are intimately connected to the terrestrial landscapes through which they flow 
(Hynes 1975) making lotic systems highly susceptible to degradation by human activities in their 
watersheds.  Not surprisingly, streams are among the most degraded ecosystems in the world 
(Sala et al. 2000) with poor riparian vegetation and agricultural land use considered the broadest 
stressors (USEPA 2013).  Headwater streams are the most sensitive to changes in riparian 
vegetation and agricultural land use because their watersheds are small so they are strongly 
influenced by land use disturbances (Meyers et al. 2007).  Headwaters make up 75% of stream 
kilometers in the U.S. (Leopold et al. 1964) and headwater habitats encompass >80% of stream 
networks and watershed land areas (Benda et al. 2005).  Because of their abundance on the 
landscape, vulnerability to agricultural land use stressors, and importance in maintaining 
biodiversity (Meyer et al. 2007), there is a pressing need to implement land management 
strategies to restore headwater streams and further evaluate their ability to protect physical, 
chemical, and biological integrity of streams in agricultural watersheds. 
The relative influence of riparian buffers on different stream biotic assemblages is still 
poorly understood despite decades of research devoted to the subject (e.g., Plafkin et al. 1989, 
Lammert and Allan 1999, Barker et al. 2006, Feld 2013).  Conflicting results among previous 
studies have been attributed to differences in responses between fish and macroinvertebrate 
assemblages or differences in the spatial scales considered within a given study.  Understanding 
what spatial scale has the greatest influence on stream communities is important to help guide 
the proper focus of stream management and restoration.  It has been difficult to assess the 
independent effects of land use within riparian buffers and in the entire watershed because of 
strong correlations among land use compositions at multiple scales (King 2005).  I minimized 
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the influence of intercorrelated land use variables by selecting study sites that included streams 
covering a large gradient of riparian forest with similar amounts of watershed agriculture.  I also 
included study streams that encompassed a relatively large range in watershed agriculture to 
determine whether changes in riparian forest or changes in watershed agriculture have a greater 
influence on stream communities.  This design improved on previous studies and provided a 
more powerful test of the effectiveness of riparian buffers to mitigate agricultural land use.   
My dissertation takes an ecosystem-based approach to determine the effectiveness of 
riparian forest buffers to ameliorate the impacts of agricultural activities on headwater streams. 
Specifically, I determined how variation in riparian forest buffer and watershed agricultural land 
use affect fish and macroinvertebrate community structure, examined differences in food web 
structure and fish trophic position as measurements of ecosystem function, and identified 
potential mechanisms driving these responses.  Few studies have related the effects of 
anthropogenic stressors to measurements of ecosystem function and community structure 
(Sandin and Solimini 2009).  There is an emerging need to investigate ecosystem function as 
potential indicators to be included in assessment programs, as many goals of stream management 
relate directly to the maintenance of natural ecological processes (Bott et al. 2006).  There is also 
a lack of studies that have examined how agricultural land use affects instream biological 
interactions, such as energy flow and trophic links (Schofield et al. 2008).  Stable isotope 
analysis has been used to identify community trophic structure and to infer human-induced 
changes in organic matter utilization in stream food webs (England and Rosemond 2004).  With 
the addition of stable isotope analysis to my research on community structure, I was able to 
provide essential information about food web structure in agricultural streams and examine the 
utility of using structural measures to predict ecosystem function and vice versa.  Many stable 
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isotope studies fail to conduct quantitative assessments of basal resources and consumers, which 
limits inferences and conclusions.  Since I performed comprehensive stream assessments 
seasonally over three years and included quantitative sampling of all food web components, I 
was able to construct a more complete picture of the effects of landscape changes on both 
community structure and ecosystem function in headwater streams. 
My research improves our understanding of energy flow and food web dynamics in 
agricultural streams, which is essential to the development of robust theories of ecosystem 
structure and function in stream ecosystems (Thorp et al. 1998).  These theories, in turn, are the 
basis of successful strategies for stream management and restoration.  Stream ecologists are 
faced with the challenge of determining how agricultural activities influence the structure and 
function of stream ecosystems and the potential for restoration of impacted waters.  Costs of 
river restoration in the U.S. alone are estimated at greater than $1 billion/year (Bernhart et al. 
2005).  A better understanding of underlying ecosystem processes is important for effectively 
using riparian forests to restore stream biological integrity and for accurately gauging prospects 
for instream habitat and water quality improvements.  Together the results of my studies are of 
use to scientists investigating the functional role of riparian forest buffers in aquatic ecosystem 
protection, as well as to managers and agencies that administer policies promoting the 
establishment of riparian buffers.   
My dissertation results suggest that headwater stream ecosystems are sensitive to changes 
in both riparian forest and watershed agriculture, but the presence or absence of riparian buffers 
was the most important factor affecting observed differences among streams.  Comparisons 
among the three land use groups indicate that riparian forest buffers have the strongest influence 
on key instream parameters (e.g., basal energy, nutrients, and depth), abundances of 
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macroinvertebrate and fish, fish community composition, food web structure, and fish trophic 
position.  However, it is important to note that forested streams had the best IBI scores, greatest 
proportion of top predators, largest trophic niche width, and highest fish trophic position 
suggesting that variation in the amount of watershed agriculture also influences stream biotic 
integrity and trophic structure.  But despite a large range in watershed agriculture (48-79%) 
between the two land use groups, forested and buffered streams had relatively similar responses 
for many of the abiotic and biotic characteristics important to ecosystem function in headwater 
streams (e.g., better water quality and greater trophic diversity).  Therefore, I would recommend 
continued restoration of riparian forest buffers (through programs such as the USDA’s 
Conservation Reserve and Enhancement Program; NRC 2002) along with enhanced monitoring 
programs that include ecosystem function indicators (e.g., food web structure) as an effective 
stream management strategy in areas modified by intensive agricultural land use.   
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Order Family Order Family
Amphipoda Gammaridae Gastropoda Ancylidae
Hyalellidae Hydrobiidae
Annelida Hirudinea Lymnaeidae
Oligochaeta Physidae
Bivalvia Sphaeriidae Planorbidae
Coleoptera Chrysumelidae Viviparidae
Curculionidae Hemiptera Belostomatidae
Dryopidae Corixidae
Dytiscidae Gerridae
Elmidae Hebridae
Gyrinidae Notonectidae
Haliplidae Pleidae
Hydrophilidae Saldidae
Scirtidae Veliidae
Collembola  Isopoda Asellidae
Decapoda Cambaridae Megaloptera Corydalidae
Palaemonidae Nematoda
Diptera Ceratopogonidae Nematomorpha
Chironomidae Odonata Aeshnidae
Culicidae Calopterygidae
Curculionidae Coenagrionidae
Dolichopodidae Cordulegastridae
Empididae Gomphidae
Ephydridae Lestidae
Muscidae Libellulidae
Psychodidae Plecoptera Leuctridae
Sciomyzidae Perlidae
Simuliidae Perlodidae
Stratiomyidae Trichoptera Hydropsychidae
Syrphidae Hydroptilidae
Tabanidae Leptoceridae
Tipulidae Limnephilidae
Ephemeroptera Baetidae Philopotamidae
Caenidae Phryganeidae
Ephemerellidae
Ephemeridae
Heptageniidae
Leptophlebiidae
Tricorythidae
APPENDIX A 
Appendix A.1.  Macroinvertebrate taxa collected in headwaters streams in the Embarras 
Watershed in Illinois, USA. 
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Appendix A.2.  Fish species collected in headwater streams in the Embarras River Watershed.  
 
Common name Scientific name 
Trophic 
Guild1 
Reproductive 
Guild2 
Bowfin Amia calva PIS NS Phyt 
Grass pickerel Esox americanus vermiculatus PIS OS Phyt 
Common carp Cyprinnus carpio HD OS Phytolith 
Golden shiner Notemigonus crysoleucas OM OS Phyt 
Creek chub Semotilus atromaculatus OM BH Lith 
Central stoneroller Campostoma anomalum HD BH Lith 
Suckermouth minnow Phenacobius mirabilis HD OS Lith 
Striped shiner Luxilus chrysocephalus OM BH Lith 
Common shiner Luxilus cornutus INV/WC OS Lith 
Redfin shiner Lythrurus umbratilus OM OS Lith 
Bluntnose minnow Pimephales notatus OM NS Phyt 
Emerald shiner Notropis atherinoides INV/WC OS Pelag 
Sand shiner Notropis ludibundus INV/WC OS Lith 
Silverjaw minnow Notropis buccatus INV/BEN OS Lithopel 
Spotfin shiner Notropis spilopterus INV/WC NS Ariadn 
Steelcolor shiner Notropis whipplei INV/WC NS Ariadn 
River carpsucker Carpiodes carpio HD OS Lithopel 
White sucker Catostomus commersoni INV/BEN OS Lithopel 
Spotted sucker Minytrema melanops INV/BEN OS Lithopel 
Creek chubsucker Erimyzon oblongus INV/BEN OS Lithopel 
Yellow bullhead Ameiurus natalis OM OS Spel 
Black bullhead Ameiurus melas OM OS Spel 
Pirate perch Aphredoderus sayanus INV EB 
Blackstripe topminnow Fundulus notatus INV/WC OS Phytolith 
Mosquitofish Gambusia affinis INV/WC IB 
Largemouth bass Micropterus salmoides PIS NS Poly 
Spotted bass Micropterus punctulatus PIS NS Poly 
Warmouth Lepomis gulosus INV NS Poly 
Green sunfish Lepomis cyanellus INV NS Poly 
Bluegill Lepomis macrochirus INV NS Poly 
Longear sunfish Lepomis megalotis INV NS Poly 
Redear sunfish Lepomis microlophus INV NS Poly 
Eastern sand darter Ammocrypta pellucida INV/BEN OB Psamm 
Blackside darter Percina maculata INV/BEN NS Lith 
Johnny darter Etheostoma nigrum INV/BEN OS Spel 
Orangethroat darter Etheostoma spectabile INV/BEN NS Lith 
Rainbow darter Etheostoma caeruleum INV/BEN NS Lith 
Banded darter Etheostoma zonale INV/BEN NS Lith 
1 Poff and Allan 1995. 
2 Simon 1998. 
 
Abbreviations:  PIS= pisivore; HD=herbivore-detritivore; OM=omnivore; INV/WC=invertivore-
water column; INV/BEN=invertivore-benthic; INV=general invertivore; NS=nest spawners; 
OS=open substratum; BH=brood hider; EX=external bearers; IB=internal bearers; Phyt=phytophils; 
phytolith=phytolithophils; Lith=lithophils; Pelag=pelagophils; Lithopel=lithopelagophils; 
Spel=Spelophils; Poly=polyphils; Psamm= psammophils. 
